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Executive Summary 
Polychlorinated biphenyls (PCBs), dibenzo-p-dioxins 
(PCDDs), dibenzofurans (PCDFs), and polybrominated 
diphenyl ethers (PBDEs) are lipophilic, persistent, 
usually man-made chemicals. Due to concerns over 
potential adverse ecological and human health effects, 
the manufacture of PCBs was banned several decades 
ago by many industrial nations. However, trace amounts 
of PCDDs and PCDFs continue to be unintentionally 
produced during some industrial processes. PBDEs are 
currently used as fire retardants in many consumer 
products, although several PBDEs will soon be banned 
by the European Union and the State of California. 
Efforts are being made to dispose of PCB-like chemicals 
in a responsible manner, but some have been accidentally 
released into the environment by industrial nations. 
 
Due to their environmental persistence, PCB-like 
chemicals have become distributed in small quantities 
throughout the globe. These Persistent Organic Pollu-
tants (POPs) have been transported from temperate 
regions to the arctic through the atmosphere, oceans and 
the marine food chain.  In aquatic environments, POPs 
partition from water into organic material and 
biomagnify up the food chain. 
 
In Alaska and throughout the Arctic, people who 
consume large quantities of subsistence foods from the 
sea are exposed to these potentially toxic chemicals, as 
are consumers of many other foods. The focus of this 
chapter is to review what is known about the levels of 
PCB-like chemicals in subsistence foods in Alaska and 
the potential hazards they may pose to human health, 
using the most recent data available. A preliminary 
assessment of subsistence food safety is presented, and 
key knowledge gaps are identified. Although information 
about the concentrations of POPs in subsistence foods in 
Alaska is limited, recent studies included in this revision 
have broadened our knowledge.  
 
 
 

 
Data that are available from several Alaskan studies are 
of limited utility due to poor or undocumented analytical 
quality, particularly in older research. It is important to 
consider the quality and limitations of existing POP data, 
because an uncritical interpretation of POP data can 
result in misleading conclusions. For the purposes of this 
review, the quality of existing Alaskan data was 
scrutinized. While all available data were carefully 
considered, more weight was placed on POP data from 
studies that met rigorous standards of analytical quality. 
 

Our knowledge of POP concentrations in the blood of 
humans in Alaska is increasing. In addition to the Alaska 
Native serum bank study mentioned in our original 
monograph (Rubin et al., 2001), several additional 
investigations have since been conducted or are ongoing. 
In general, these investigations have documented the 
extent to which Alaskans have been exposed to POPs.  
Serum concentrations of PCBs in those Alaskans who 
have been tested were higher than those documented in 
the general population from the Lower 48, although they 
were similar to Great Lakes fish-eaters. Serum 
concentrations of dioxins, furans and coplanar PCBs in 
Alaskans were similar to other Americans. In Alaska, as 
elsewhere, serum POP concentrations were strongly 
associated with age and were higher in older persons. 
Serum POP concentrations were relatively low in women 
of childbearing age. All POP exposures documented in 
Alaska were far below concentrations associated with 
known adverse health effects. 
 
There are a number of potential human health concerns 
related to exposure to PCB-like chemicals. Some 
consequences of acute, accidental high-dose PCB 
exposure are obvious; the skin disorder chloracne is 
particularly diagnostic. Doses of PCBs that cause such 
obvious effects are orders of magnitude greater than the 
background exposures encountered by Alaskans through 
the food chain. Risks about which public health officials 
are most concerned when considering subsistence food 
issues in Alaska are chronic, long-term or subtle effects 
that may occur at very low PCB dose concentrations. In 
particular, cancer, immunotoxicity, reproductive toxicity, 
and developmental/neurobehavioral toxicity have been 
considered as potential endpoints of exposure to PCB-
like chemicals. Due to the controversy and confusion 
surrounding these endpoints and their relationships with 
exposure to PCB-like chemicals, this report considers 
these issues in some detail. 
 
Thousands of studies have examined the potential health 
effects of PCBs and related compounds. The results of 
these studies have often been conflicting and difficult to 
interpret. Overall, we conclude that there is some small, 
unproven but theoretical risk of subtle health effects 
related to low-level exposure to PCB-like chemicals. 
These subtle effects may be impossible to detect with 
existing scientific and medical technology. Alternatively, 
there may be no adverse effects resulting from low-level 
PCB exposures such as those encountered through 
consumption of subsistence foods or store-bought foods. 
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The potential risks associated with POP exposure 
through subsistence food consumption are smaller than 
the risks associated with a decreased use of traditional 
foods, or the risks associated with many other aspects of 
Alaskan life. A decreased reliance on traditional foods 
would have a negative net effect on human health in 
native Alaskan communities. Traditional foods have 
important nutritional benefits as well as cultural and 
economic benefits. The Division of Public Health 
strongly encourages the continued unrestricted 
consumption of traditional foods. 
 
Concentrations of PCB-like chemicals vary substantially 
among species and tissues. The highest concentrations of 
PCBs are likely to be found in the fatty tissues of animals 
that occupy the highest trophic levels of the marine food 
chain.  In marine mammals, tissue concentrations are 
often higher in older animals, and in male animals 
relative to female animals. Recent studies of Alaskan fish 
have documented very low concentrations of PCB-like 
chemicals. Alaskan fish can be consumed safely in 
unlimited quantities. Most Alaskan fish and seafood have 
lower PCB concentrations than fish from the Lower 48, 
which reflects the relatively remote, nearly industry-free 
environment of many regions of Alaska. The highest 
current concentrations of PCBs known in Alaska are in 
the blubber of transient killer whales, and relatively high 
concentrations have also been detected in stellar sea lion 
blubber. Concentrations of PCBs in beluga whale 
blubber from Alaska are somewhat higher than the 
concentrations found in Great Lakes fish, although they 
are within the same order of magnitude.  Marine mammal 
blubber is often consumed in combination with 
epidermis; this “muktuk” has lower POPs concentrations 
than blubber alone.  
 
All Alaskan human biomonitoring data to date provides 
evidence that women of childbearing age have been 
exposed to concentrations of contaminants far below 
those associated with adverse health effects to the fetus.  
Therefore, in view of the known health benefits of 
traditional food consumption to the mother and infant, 
the continued unrestricted consumption of all Alaskan 
traditional foods is recommended. 
 
Future research should focus on addressing the following 
key knowledge gaps: 
 
• Monitoring of subsistence species for POP concen-

trations in tissues should focus on six species: the 
beluga whale, Stellar sea lion, northern fur seal, 
Pacific walrus, ringed seal and bearded seal.  Among 
Alaskan subsistence foods, the first three species have 
the potential to accumulate the greatest concentrations 
of PCBs in their tissues. The Pacific walrus is an 
important subsistence species, and PCB concen-

trations have the potential for elevation in “rogue” 
animals that prey on seals (it is unknown whether this 
behavior is common in Pacific walrus in Alaska). The 
ringed seal is significant due to its moderate level of 
contamination and high rate of consumption by 
Alaskan natives. Monitoring the bearded seal is 
important because it is a preferred native food source, 
and very few samples have been analyzed for POP 
concentrations to date. 

 
• Monitoring of POP concentrations in human tissues 

such as serum, adipose tissue or breast milk has only 
recently taken place in Alaska, and more data are 
needed. Exposure measurements are especially needed 
for polybrominated diphenyl ethers (PBDEs), which 
have not yet been analyzed for in Alaskans.  As the 
most direct indicator of human exposure to POPs, this 
information is essential in order for health officials to 
estimate the risks associated with the consumption of 
traditional foods. Measurement of POP concentrations 
in Alaskans will enable a comparison of their 
exposures and risks relative to people in other 
circumpolar areas that have previously been 
characterized, such as the Inuit of Quebec and 
Greenland. 

 
• POP concentrations in prepared traditional foods 

should be characterized, and village-specific dietary 
surveys conducted to assess dietary exposure to these 
chemicals. This would provide information on how 
food preparation methods influence POP concen-
trations, and help us to determine which foods 
contribute most to dietary exposures. This information 
would be essential to any efforts to reduce future POP 
exposures, if desired, while continuing to enjoy a 
healthy subsistence lifestyle. 

 
• The nature of POP exposure through the Alaska 

marine food chain needs to be characterized by use of 
sophisticated analytical methods that have only 
recently been employed for Alaska samples.  Patterns 
of PCB congeners vary significantly among species as 
a function of trophic level and metabolic capacity and 
among geographic areas, and these patterns influence 
toxicity. Congener-specific profiles which include the 
bioactive coplanar PCBs, PCDDs and PCDFs are 
needed for human tissues and for the more 
contaminated subsistence food species. In order to 
achieve adequate detection of important trace 
congeners, these coplanar analyses should focus on 
fatty tissues such as marine mammal blubber and 
human milk. 
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General Background Information on 
Polychlorinated Biphenyls (PCBs) and Related 
Compounds 
 
Polychlorinated biphenyls (PCBs), dibenzo-p-dioxins 
(“dioxins”) and dibenzofurans (“furans”), and poly-
brominated diphenyl ethers (PBDEs) are structurally 
similar POP chemicals (Figure 1). Complex mixtures of 
these chemicals are present as trace environmental 
contaminants in water, soil, sediment, air and biota 
throughout the world.  Structural features common to this 
chemical group include two aromatic rings and some 
degree of halogen substitution, and within each class the 
basic carbon structure is the same. Congeners within 
each class differ by the degree and position(s) of halogen 
substitution, most commonly by chlorine or bromine.  
There are 209 PCB congeners, 75 dibenzo-p-dioxin 
congeners, 135 dibenzofuran congeners and 209 PBDE 
congeners theoretically possible, although they are not 
all present in the environment. 
 
Sources 
 
Thousands of tons of PCBs were manufactured in many 
countries throughout the Northern hemisphere from the 
late 1920s through the early 1970s for a variety of 
commercial purposes (Kimbrough, 1980). PCBs are 
useful as heat transfer fluids, dielectric fluids for 
transformers and capacitors, plasticizers, hydraulic 
lubricants, flame retardants, and adhesives, in addition to 
a variety of other applications (Safe, 1994b).  
Commercial PCB mixtures were usually marketed 
according to their percentage of chlorine content by 
weight. In the United States, the Monsanto Chemical 
Company manufactured PCBs under the trade name 
Aroclor.  Products included Aroclors 1016, 1221, 1232, 
1242, 1248, 1254 and 1260, where the last two digits 
denoted the percentage of chlorine content.  Commercial 
PCBs were also produced by other companies in other 
countries under different trade names, including Clophen 
(Germany) and Kanechlor (Japan) (Safe, 1994b).  The 
United States explicitly banned the production and use of 
PCBs in the Toxic Substances Control Act of 1976 
(Silbergeld and DeFur, 1994), although the compounds 
are still present in older equipment manufactured before 
that time. In many other countries, including most 
members of the Organization for Economic Cooperation 
and Development (OECD), PCBs have also been banned 
or their uses restricted in commerce and industry 
(Silbergeld and DeFur, 1994). 
 

 
 

In contrast to the PCBs, dioxins and furans have not been 
intentionally manufactured.  Rather, they are created as 
unintentional byproducts during the manufacture of other 
chemicals or as a result of some industrial processes.  

Trace amounts of these chemicals are formed by the pulp 
and paper industry when pulp is bleached with chlorine 
(Hrutfiord and Negri, 1992), and during certain types of 
metal processing (Oehme et al., 1989).  Spent graphite 
electrodes used in the chloralkali industry can be 
important localized sources of polychlorinated dibenzo-
furans (Zook and Rappe, 1994). Chlorinated dioxins and 
furans are produced as unwanted byproducts during the 
manufacture of chemicals such as the wood preservative 
pentachlorophenol and certain herbicides that include 
2,4-D and 2,4,5-T (Webster and Commoner, 1994).  In 
the United States, the burning of household waste in 
backyard burn barrels may be a major source of airborne 
dioxin emissions (Lemieux et al., 2003). Chlorinated 
dioxins and furans can be formed during the combustion 
of virtually any organic material when chlorine is 
present, and their production has been associated with 
the burning of coal and the incineration of wastes.  
Chlorinated dioxins and furans are also created by 
natural processes, both by microorganisms and as a 
byproduct of combustion (for example, from forest fires) 
(Gribble, 1994).  Forest and brush fires may be major 
sources of chlorinated dioxins and furans in the 
environment (Nestrick and Lamparski, 1982; Sheffield, 
1985), although there is considerable evidence that 
anthropogenic inputs may be more significant than these 
natural sources (Kjeller et al., 1991; Tong et al., 1990; 
Webster and Commoner, 1994).  Because dioxins and 
furans were never intentionally manufactured, efforts to 
reduce their creation have not focused on “banning” their 
production.  Instead, regulations have focused on source 
abatement. Source abatement involves the alteration of 
production methods in problem industries to reduce 
dioxin and furan formation, as well as improved cleanup 
prior to the release of water or air from industrial 
processes into the environment. 
 
Polybrominated diphenyl ethers (PBDEs) are flame 
retardants used in a wide variety of materials, most 
commonly the polyurethane foam used in seat cushions 
(Betts, 2001). They are also common components of 
building materials, textiles, and electronic devices such 
as computers and televisions (Darnerud et al., 2001).  
PBDEs are thought to enter the environment via waste 
incineration, leaching from landfills, and volatilization 
into the surrounding air from electrical components and 
other products (Darnerud et al., 2001). Three commercial 
mixtures are widely used (penta-BDE, octa-BDE, and 
deca-BDE), which are impure mixtures of PBDE 
congeners (Ikonomou et al., 2002). Large-scale produc-
tion of PBDEs began in the early 1970s (Ikonomou et al., 
2002), and PBDE concentrations in the environment 
have increased substantially since that time.  In the mid-
1990s, documentation of rapidly rising concentrations of 
PBDEs in the breast milk of Swedish women led to 
sharply reduced usage, and eventually a ban, on many 
PBDE formulations in the European Union (Darnerud et 
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al., 2001). There are preliminary data indicating that 
PBDE exposures in the United States and Canada may be 
the highest in the world, and that breast milk 
concentrations there are increasing exponentially (Betts, 
2002), but a similar ban has not yet occurred in North 
America. The State of California has announced that it 
will ban two PBDE congeners shown to accumulate in 
humans scheduled to take effect in 2008.  
 

Environmental Chemodynamics of PCB-like 
Chemicals 
 

PCBs are an environmental problem because they are 
persistent and lipophilic. Because of their stability and 
resistance to biodegradation, many congeners undergo 
cycling and transport within the various compartments of 
the global ecosystem (Safe, 1994b). Within aquatic 
systems, these chemicals partition from the water to 
organic material such as marine zooplankton (Hoekstra et 
al., 2002b).  The PCBs then bioaccumulate in the fatty 
tissues of marine predators, increasing in concentration at 
each level of the food chain (Muir et al., 1992c). 
 
Factors unique to arctic ecosystems may enhance the 
deposition of organochlorines from the atmosphere and 
increase their environmental persistence.  Polar regions 
may act as “cold traps” for some of the more volatile 
organochlorine compounds. Volatile, lower-chlorinated 
PCBs can be transported by the atmosphere from 
industrial nations in temperate regions to the arctic, 
where cold temperatures cause them to “distill” and settle 
(Wania and Mackay, 1993).  The more highly 
chlorinated PCBs are less volatile and are less likely to 
remain in the atmosphere to reach the Arctic, but they 
may still arrive in the arctic in the bodies of migrating 
wildlife. 
 
Migrating wildlife can carry (“biotransport”) POPs to 
remote areas of Alaska.  In one study, sockeye salmon 
accumulated POPs during their ocean life stage.  Upon 
returning to their freshwater spawning areas via the 
Copper River, they transported these POPs to remote 
inland Alaskan lakes. The POPs from the salmon were 
incorporated into the freshwater food web and were 
found in the bodies of the lake’s arctic grayling (Ewald et 
al., 1998). The POPs concentrations measured in the 
individual fish were far below those thought to be 
harmful to fish health or reproduction and did not pose 
any health risk to human consumers of the fish. 
 
Distributions of PCB congeners in Canadian arctic fish 
and marine mammals appear to be regulated by trophic 
level biomagnification properties, as they do not reflect 
the different physical-chemical properties (such as 
volatility) of individual congeners (Muir et al., 1988).  
Animals at lower trophic levels (such as arctic cod) 
contain patterns of PCBs similar to commercial PCB 

mixtures. At higher trophic levels (such as marine 
mammals), lower chlorinated PCB congeners are not 
detectable, and more highly chlorinated congeners are 
dominant in PCB patterns (Muir et al., 1988).  This may 
be due to the ability of some marine mammal species to 
metabolize and excrete the lower chlorinated PCB 
congeners. 
 
Outside of biological systems, persistence of PCB-like 
chemicals is enhanced in the arctic environment due to 
slower reaction rates at low temperatures, reduced 
photolysis due to a low sun angle, and decreased 
biological activity (such as reduced scavenging of 
chemicals sorbed to sediments) relative to that of 
temperate climates (Wania and Mackay, 1993). 
 
In Alaska, the highest concentrations of POPs have been 
found in the fatty tissues of animals that occupy the 
highest trophic levels of aquatic food chains. In 
particular, POPs accumulate in the blubber and fatty 
tissues of marine mammals near the top of the marine 
food chain, such as polar bears, orcas, and beluga whales 
(Muir et al., 1992c).  In fish, POP concentrations are 
higher in species that consume other fish, and in fatty 
species compared to leaner species. POPs accumulate in 
the body over time, so that concentrations are usually 
higher in older, larger fish.  The same holds true for male 
marine mammals (Norstrom and Muir, 1994).  However, 
adult female marine mammals have the ability to 
transport POPs to the fetus and to excrete these 
contaminants in their breast milk; it is possible for their 
POP body burden to decrease following the birth and 
nursing of young.  Therefore, in adult marine mammals 
males often have higher blubber POP concentrations than 
do females (Muir et al., 1992a; Tanabe et al., 1987). 
 
 

Chemical Analysis and Reporting of POP 
Concentrations in Environmental Samples 
 
Methods for analyzing POPs in environmental samples 
are continually being developed and improved.  Different 
methods are used in various laboratories to isolate or 
“extract” PCBs from an environmental sample, and then 
to separate and quantify them. Data produced by 
different analytical methods often are not directly 
comparable.  It is essential to consider the quality of 
quantitative chemical analyses prior to their use in risk 
assessment. 
 
A gas chromatograph is usually used to separate or 
“resolve” the individual PCB congeners, which are 
detected with either electron capture or mass 
spectroscopy. Many early analyses (pre-1980s) utilized 
low-resolution packed column chromatography to 
separate the congeners, which produced a relatively 
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small number (5-12) of poorly resolved peaks.  This 
method has largely fallen out of favor. Many of these 
older analyses are of marginal use today, as PCB peaks 
were poorly resolved and often erroneously included 
non-PCB compounds such as toxaphene congeners, 
chlordanes and DDT-related chemicals. 
 
Modern methods of chemical separation use higher 
resolution capillary columns that more adequately 
separate most PCB congeners. With capillary column 
chromatography, 80-90 organochlorine peaks can be 
accurately identified from typical environmental extracts, 
and toxaphenes, chlordanes and DDTs can be 
distinguished from PCBs. 
 
Following chemical separation, different methods can be 
used to quantify PCBs in a chromatogram.  “Total PCBs” 
can be calculated by matching the pattern of PCB peaks 
from a sample with the pattern produced by commercial 
Aroclor mixtures, with use of pattern recognition 
algorithms such as COMSTAR (Burkhard, 1987).  The 
pattern of PCB peaks is matched with use of multiple 
regression procedures, and quantitation is performed by 
comparison to Aroclor response factors.  While this 
method provides a good approximation of “total PCBs”, 
it is not ideal because the congener mixtures that are 
present in the environment are not the same as the 
commercial mixtures that were originally released.  Some 
congeners are more persistent than are others.  As a 
result, their relative abundance increases in the 
environment over time (McFarland and Clarke, 1989; 
Safe, 1994b). 
 
Since PCB mixtures in the environment differ from their 
original formulations, most modern analytical 
approaches involve the quantitation and summing of 
targeted individual PCB congeners in the mixture.  This 
approach tends to lead to lower PCB concentrations than 
the “total PCB” approach (Giesy et al., 1997).  All PCB 
congeners may not be included in the summation 
process.  This is partly due to the fact that some 
congeners do not separate well on the gas chromatograph 
(Niimi et al., 1996).  Summed congener data may not be 
directly comparable from laboratory to laboratory, 
particularly if the same congeners are not chosen for 
quantitation, the same analytical standards are not 
utilized, or if procedures for data analysis and 
interpretation are different. 
 
Detection limits and large differences in the abundance 
of individual congeners can also present analytical 
challenges. A particular dilution of environmental extract 
may contain some congeners below the limit of 
detection, while other congeners are so abundant that 
their concentrations exceed the linear range of 
quantitation. There are also different approaches toward 
the statistical treatment of non-detected congeners. In a 

sample with a non-detectable chemical concentration, the 
true concentration of the chemical is a non-zero, non-
measureable value that is known to be below a defined 
threshold.  When calculating statistics such as the mean, 
the concentration of a non-detected chemical in a sample 
may be treated as a zero, or as an estimated value such as 
half the detection limit (Hornung and Reed, 1990).  The 
choice of how to treat non-detectable values affects the 
reported results, particularly if the chemical was not 
detected in a large proportion of the total samples taken.  
 
In all of the procedures discussed so far, the most toxic 
congeners (i.e., the flat or “coplanar” congeners) are 
generally not included in these analyses.  While coplanar 
congeners are usually only present in small quantities in 
a mixture, because of their potency they often contribute 
the vast majority of the overall toxicity of the mixture 
(Johansen et al., 1994).  Coplanar PCBs are an important 
component of overall dioxin-like toxicity in marine 
ecosystems, and the bioaccumulation of coplanar PCB 
congeners in carnivorous marine mammals is of 
particular concern (Kannan et al., 1989). A special 
extraction procedure and sophisticated instrumental 
analysis are required for coplanar PCB analysis.  Few 
coplanar analyses have been performed for Alaskan 
environmental samples, but these analyses are becoming 
more common, and our knowledge of coplanar PCB 
concentrations in Alaska should rapidly increase. 
 
Dioxins, furans and coplanar PCBs all express their 
toxicity through a common mechanism.  It is common to 
add all of the “dioxin-like” activity of the individual 
chemicals together to arrive at a single number that 
represents its overall toxicity.  With this approach, the 
potency of each individual dioxin, furan and coplanar 
PCB congener is scaled to the potency of the most toxic 
congener, which is 2,3,7,8-tetrachlorodibenzo-p-dioxin 
(TCDD).  The potency of each coplanar PCB congener 
can be expressed in terms of a "TCDD equivalency 
factor" (TEF).  For example, a PCB congener that is half 
as potent as TCDD would have a TEF of 0.5. If 
congener-specific data are available, the overall toxicity 
of a mixture can be estimated by multiplying the 
concentration of each congener by its TEF and then 
summing the toxicities to calculate TCDD-equivalents 
(TEQs). The TEFs are periodically updated as new 
toxicological research increases our knowledge of 
dioxin-like toxicity.  Therefore, several “sets” of TEFs 
are available, and TEQs calculated with different TEFs 
are not directly comparable. The most recent, interna-
tionally accepted TEFs were published in 1998 (Van den 
Berg et al., 1998). 
 
Quality assurance and control (QA/QC) are essential 
aspects of PCB analysis.  Without good QA/QC, there 
can be little confidence in the analytical data that are 
generated.  During the process of PCB extraction, trace 
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quantities of these chemicals are isolated and concen-
trated from samples. Background PCB contamination in 
the laboratory can therefore be a serious problem, and 
blank samples must be periodically analyzed in order to 
assure that such contamination does not exist.  Care must 
be taken to ensure that samples are not contaminated 
during the sampling process, during storage or during 
analysis.  It is also important to analyze some samples 
more than once, to determine analytical precision or 
“repeatability”.  Another effective QA/QC procedure is 
to “spike” a subsample with a known quantity of a PCB 
congener and then determine how much of that spike is 
recovered and quantitated during the analytical process. 
 
 

The accuracy and precision of analytical measurements 
vary as the concentration of the analyte in the sample 
changes. Accuracy refers to the ability to quantify the 
concentration of an analyte correctly, while precision 
refers to the ability to obtain the same value when 
analyses are repeated (regardless of whether that 
measurement was “accurate”). Each analytical method 
has a limit of detection for each analyte, below which the 
detected concentration is not significantly different from 
zero.  Analytical methods also have a range of analyte 
concentrations for which accuracy and precision are 
optimized.  As the concentration of an analyte diminishes 
and approaches the method detection limit, accuracy and 
precision of analytical results are decreased.  In the 
optimal concentration range for an analyte the accuracy 
of a measurement should be ± 20%, but (by definition) 
near the limit of detection a detected concentration 
approaches an error of ± 200% (Taylor, 1989). Since 
POP analyses often involve trace quantities of analyte, it 
is important to investigate and report limits of detection 
and the relative confidence of values in different data 
ranges. 
 
 

It is desirable to obtain a sufficient quantity of sample in 
order to achieve analyte concentrations within the 
optimal analytical range whenever possible.  This allows 
the collection of robust analytical data rather than a host 
of “non-detects”.  In order to accurately determine the 
concentration of trace POP concentrations in biota, it is 
often necessary to analyze fatty tissues that are most 
likely to contain the highest concentrations of these 
chemicals. 
 
 

Instrument detection limits are related to the 
concentration of analyte in a final extract.  Consequently, 
detection of analyte in a sample can be enhanced by 
extracting a larger amount of sample in order to obtain 
more analyte molecules, and/or by reducing the final 
extract to a smaller volume.  Pilot studies can be helpful 
to determine the sufficiency of proposed sample 
quantities. 
 
Rather than analyzing tissues that do not accumulate 
POPs to a significant extent (such as plants), limited 

resources can be more effectively used by increasing the 
sample size for animal species of concern.  In marine 
mammals, POP concentrations are much higher in 
blubber than in internal organs, making their quantitation 
more robust.  In humans, adipose tissue and breast milk 
(Needham and Wang, 2002) are two fatty tissues that are 
likely to contain higher POP concentrations.  Because the 
lipid content is low in human newborn cord blood, POP 
quantitation is difficult in this tissue. 
 
Concentrations of POPs in biological tissues can be 
reported in whole weight, wet weight, dry weight, or 
“lipid adjusted” terms. The choice of reporting method 
greatly changes the resulting value. Direct comparisons 
of chemical concentrations should never be made 
between results that have been expressed in different 
terms unless data are provided to allow conversion to 
equivalent units. For example, POP concentrations 
reported in “dry weight” terms will be higher than those 
reported in “wet weight” terms, because chemical 
concentrations have been concentrated in “dry weight” 
samples as all moisture was removed. However, if data 
for percent moisture have been included for each sample, 
it is possible to convert data between the two reporting 
methods. 
 
Biological samples are often reported in “lipid-adjusted” 
terms, such as “ng/g lipid”. This practice allows 
researchers to account for differences in lipid (fat) 
content between various tissues, and for differences in 
fasting and feeding status (Phillips et al., 1989).  POPs 
are highly lipophilic, and they partition among various 
tissues depending on their lipid content.  For example, 
the whole weight concentration of POPs in a fatty tissue 
such as adipose will be much higher than the whole 
weight POP concentration in a lean tissue such as blood, 
but adipose and blood POP concentrations in an 
individual will be very similar when compared on a 
“lipid-adjusted” basis. Similarly, wet weight concen-
trations of POPs in blood will increase following 
consumption of a fatty meal, as POPs partition from 
other tissues into the fat-enhanced bloodstream.  These 
changes in feeding status can be corrected for by 
expressing POP concentrations in “lipid-adjusted” terms.  
It is very important not to directly compare results that 
are not reported in the same terms, because “lipid-
adjusted” concentrations of POPs will be higher than 
values that are expressed in whole weight, or wet weight, 
units. 
 
Due to the varied methods that are used to quantitate and 
report POPs in environmental samples, caution must be 
taken when interpreting values.  In particular, it can be 
difficult to compare the results obtained by different 
laboratories, especially when the analyses were 
performed during significantly different time periods. 
Small differences in POP quantities reported in various 
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samples from different studies may not be meaningful, as 
they may represent measurement variability rather than 
inherent differences between samples. It is imperative 
that analytical methodologies be reviewed in detail, 
including the quality assurance and control programs, in 
order to have confidence in the data and its 
interpretation. Current efforts are emphasizing the 
certification of standard reference materials (Schantz et 
al., 1995a), collaboration among analytical laboratories, 
and rigorous analytical methodology and QA/QC 
protocols so that results can be more directly comparable 
(Becker et al., 1993; Becker et al., 1997b). 
 
 

The Importance of Congener-Specific PCB and 
Dioxin Data and Its Interpretation  
 
PCBs, dioxins, furans, PBDEs and related chemicals are 
quantitated and reported in many different ways. For 
PCBs, laboratories may measure and report the 
individual values of a subset of the 209 possible 
congeners. The specific list and number of included 
congeners varies widely among laboratories. “Total 
PCBs” can be estimated in a variety of ways, such as 
summing the values of the measured congeners, 
summing the measured congeners and applying a 
correction factor, or performing pattern analysis and 
multiple regression techniques.  In some analyses non-
detected congeners are treated as zero values, while in 
others a positive value is estimated based on the 
detection limit of the congener.  These quantitative 
complexities create challenges for data comparison 
between studies. Great care and meticulous scrutiny of 
detail must be taken to assure that comparisons are 
scientifically valid and appropriate. 
 
The use of “total PCB” concentrations during the risk 
assessment process imposes an error on subsequent 
estimates of the toxicity of environmental samples.  
“Total PCBs” generally do not include or consider the 
coplanar PCBs, dioxins or furans in environment 
samples. These planar congeners can represent a 
significant proportion of the total dioxin-like toxicity in 
terms of TEQs.  Estimates of risk can vary significantly, 
depending on whether total PCBs or calculated TCDD-
equivalents from coplanar dioxin-like congeners are 
used.  For example, the derived potency (with use of 
USEPA risk assessment procedures) of a PCB mixture 
extracted from Great Lakes salmon was 3.7 times greater 
when calculated as TEQs from coplanar PCBs than when 
calculated as total PCBs based on Aroclor pattern 
matching (Williams et al., 1992).  The problem becomes 
even more severe when “total PCBs” are used to 
compare the relative toxicity of various subsistence foods 
from the marine environment. Patterns of PCB congeners 
vary significantly among arctic marine species, and these 
patterns may profoundly influence their overall toxicity. 

The relative abundance of various PCB congeners in the 
arctic environment and biota has been determined.  
Animal species vary in their metabolic capabilities to 
depurate chemicals. In arctic cod from Canada, the 
pattern of PCB congeners was remarkably similar to an 
Aroclor standard mixture (1242:1254:1260, 0.6:3:1) 
(Muir et al., 1988). Lower-chlorinated congeners such as 
penta- and hexachlorobiphenyls were well represented in 
the arctic cod samples. In contrast, these lower-
chlorinated congeners were less common in ringed seal 
blubber, and were virtually absent in polar bear fat.  PCB 
congener profiles of ringed seal and polar bear were 
dominated by higher-chlorinated congeners such as 
hepta-, octa- and nona/decachlorbiphenyls. These data 
indicate that the ringed seal and polar bear were able to 
preferentially metabolize and eliminate the lower-
chlorinated PCB congeners, in contrast to the arctic cod 
which could not. Interestingly, PCB congener profiles 
from narwhal and beluga blubber resembled those from 
cod, and contained a substantial proportion of lower-
chlorinated congeners (Norstrom and Muir, 1994). 
 
Differences in PCB congener profiles among marine 
species have been attributed to differences in metabolic 
capabilities related to specific cytochrome P450 
enzymes. Small cetaceans such as dolphin, porpoise, 
beluga and narwhal do not metabolize PCBs with 
adjacent non-chlorinated meta and para positions 
efficiently. This deficiency in cetaceans has been 
attributed to a low activity of CYP 2B, the enzyme 
responsible for metabolism of most PCB congeners in 
higher animals (Tanabe et al., 1988).  Bowhead whales 
collected by subsistence hunters in Barrow, Alaska 
exhibited little (Hoekstra et al., 2003) to no (Hoekstra et 
al., 2002c) CYP 2B-like biotransformation of PCB 
congeners, similar to other cetaceans. 
 
 

Patterns of coplanar dioxin-like congeners also vary 
among marine species, and their relative contributions to 
TEQs vary accordingly. In general, concentrations of 
non-ortho PCBs were similar between narwhal, beluga 
and ringed seal from the Canadian Arctic (Ford et al., 
1993).  In contrast, concentrations of mono-ortho PCBs 
were much greater in narwhal and beluga than in ringed 
seal. Chlorinated dioxins and furans were found to 
contribute 37 to 42% of total TEQs in ringed seals, but 
less than 5% of total TEQs in narwhal and beluga (Ford 
et al., 1993).  Another study confirmed that beluga have 
an exceptional ability to metabolize non-ortho PCB 
congeners and TCDD (Norstrom et al., 1992), a capacity 
attributed to high levels of CYP-1A activity in cetaceans 
(Watanabe et al., 1989).  The bowhead whale can also 
metabolize PCBs via CYP1A-related pathways, but the 
structural determinants of PCB biotransformation in that 
species are complex (Hoekstra et al., 2002c). 
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Metabolic differences and subsequent POP congener 
profiles can have a dramatic influence on the toxicity of 
POP mixtures found in arctic animals.  The implications 
of these differences for our risk assessment are profound.  
In particular, it is possible that our risk assessment may 
have overestimated the relative toxicity of beluga 
blubber but underestimated the relative toxicity of ringed 
seal blubber. This is because beluga blubber is likely to 
contain a lower proportion of the most toxic coplanar 
dioxin-like congeners than ringed seal blubber does. 
 
Due to this dilemma, collection of congener-specific data 
is becoming increasingly common in environmental 
studies.  While total PCBs have been used successfully to 
predict TEQs within a defined system (Williams et al., 
1992), location-specific background data are initially 
needed to define applicable congener-specific 
relationships. Congener-specific relationships must be 
determined on a location-by-location basis, because there 
is major geographic variability in the ratio of TCDD to 
total PCBs among arctic marine mammals (Norstrom and 
Simon, 1990). In a place as vast and varied as Alaska, 
background knowledge is insufficient and congener-
specific data are more useful for toxicologic 
interpretation. 

Concentrations of PCBs in Alaskan Subsistence Foods 
and Other Wildlife 
 
Although data about the concentrations of POPs in 
subsistence foods in Alaska are far more limited than we 
would like, recent studies (included in this revision) have 
contributed substantially to our knowledge. Far more 
comprehensive studies have been performed in the 
Canadian Arctic (Jensen et al., 1997; Kuhnlein et al., 
1995; Murray, 1992; Murray et al., 1996; Murray and 
Shearer, 1993; Murray and Shearer, 1994).  Despite the 
relative paucity of data from Alaska, we are able to 
compare available Alaskan data to Canadian data in 
order to see whether they are in the same general range. 
While small differences in numbers may not be 
meaningful, as discussed above, it is probably quite safe 
to compare relative orders of magnitude between 
Canadian and Alaskan studies. In fact, some of the 
Alaskan samples have been analyzed in Canadian 
laboratories, and in these cases the data are directly 
comparable. 
 
We conducted an exhaustive review of the literature to 
investigate PCB concentrations in Alaskan fish and 
marine mammals. Peer-reviewed publications, govern-
ment documents and accessible unpublished research 
reports were reviewed. The quality of data from each 
study was carefully evaluated by examining the 
analytical methodology, methods and limits of 
quantitation, and quality assurance provisions. Although 

all data available were carefully considered, we did not 
include some data (particularly from older research) in 
this report because of their inadequate quality.  Problems 
with excluded studies included a lack of information 
about quality assurance or analytical methodology, 
outdated methodology and/or unacceptably high limits of 
detection for PCBs (McFall et al., 1986; Miles et al., 
1992; Taylor et al., 1989). 
 
Selected PCB data for marine mammals and freshwater 
fish from Alaska and Canada that were obtained with use 
of similar analytical methods and quality assurance 
provisions through 1997 are summarized in Tables 1 and 
2 respectively. Table 3 presents more recent PCB data 
for Alaskan marine mammal subsistence species, salmon, 
and bird eggs, while Table 4 presents recent PCB data 
for Alaskan wildlife species or tissues not typically 
consumed by humans. In the selected studies, high-
resolution chromatography was used to separate 
individual PCB congeners, which were then summed to 
estimate total PCBs. 
 
PCBs and other contaminants were recently evaluated in 
two salmon species from the Yukon and Kuskokwim 
Rivers (Y-K) (USFWS, unpublished data). PCB concen-
trations in chinook and chum salmon muscle from the 
Y-K region were more than 100-fold lower than 
concentrations typically found in salmon from the Great 
Lakes, and more than 150-fold lower than the FDA 
action limit of 2 ppm for fish sold in commerce (Table 3, 
Figure 2).  PCB concentrations were particularly low in 
chum salmon from the Kuskokwim River, where they 
were only detectable in 3 of 19 fish. Low PCB 
concentrations have also been observed in freshwater 
fish from Schrader Lake in the northern Interior region of 
Alaska (Wilson et al., 1995). 
 
Coplanar PCBs, dioxins and furans have recently been 
measured in a few Alaskan samples. Dioxin TEQs in 
flatfish from Dutch Harbor were similar to 
concentrations found in freshwater fish from U.S. 
supermarkets, while dioxin TEQs in mussels and urchins 
from nearby bays were lower than concentrations found 
in many supermarket and fast foods (Figure 3) (Alaska 
Section of Epidemiology, 2001; Schecter et al., 1997; 
Schecter and Li, 1997). Dioxin TEQs derived from 
coplanar PCB analysis were very low in chinook and 
chum salmon muscle from the Yukon and Kuskokwim 
Rivers, averaging 1.8 ppt and 0.02 ppt, respectively 
(USFWS, unpublished data). PCB and dioxin 
concentrations are quite high in a few Alaskan wildlife 
species/tissues that are not typically consumed for 
subsistence, including polar bear fat and liver and killer 
whale blubber (Table 4). It is not surprising that POP 
concentrations are relatively high in these fatty tissues 
from species at the top of the marine food chain. 
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The concentrations of PCBs presented in this report were 
determined from freshly caught animals prior to 
preparation for human consumption. Preparation 
methods can significantly reduce the concentration of 
PCBs in fish, particularly if fat and skin are removed or 
if the fish is cooked (USEPA, 1996).  PCB content was 
reduced by an average of 30% when Great Lakes fish 
were cooked (USEPA, 1996). When fish are smoked 
their organochlorine contaminant burden can also be 
significantly reduced.  In one study, PCB concentrations 
were decreased by 46% in Great Lakes Lake Trout that 
were smoked (skin-on) (USEPA, 1996). 
 
The effect that traditional food preparation methods 
unique to Alaskan Natives may have on POP 
concentrations has not been directly investigated.  In a 
study of Canadian Inuit food preparation methods, the 
boiling of marine mammal blubber appeared to cause a 
modest decrease in PCB concentrations (Chan et al., 
1996). In contrast, the omega-3 fatty acid content of 
walrus blubber was not changed by boiling or frying 
compared to raw blubber. Future studies should 
investigate how traditional methods of subsistence food 
preparation affect the concentrations of POPs in fish and 
marine mammals as they are consumed by Native 
Alaskans. 
 

Species-Specific Data Gaps 
 

Future studies of POP content in Alaskan subsistence 
foods should initially focus on marine mammal species 
of most concern.  Additional information is needed on 
POP concentrations in belugas, which are rather high in 
Alaska. Data from Point Lay belugas suggest that POP 
concentrations may be greater in male than female 
belugas (Krahn et al., 1999). However, in belugas 
sampled from the Southern Beaufort Sea in Canada, 
POPs were high in both males and females (Muir, 1996).  
This is of concern because belugas from the Mackenzie 
River Delta and Beaufort Sea migrate to Alaskan waters 
(O'Corry-Crowe et al., 1997) and are hunted by Alaskan 
natives along the north slope (Robert Suydam, personal 
communication).  Concentrations of POPs were lower in 
belugas from Cook Inlet than in belugas from the 
Chukchi Sea. Further research is needed to clarify the 
relationship between POP contamination, location, sex 
and age in belugas. 
 
Research should also focus on the ringed seal, harbor 
seal and bearded seal, because they are commonly 
consumed by Alaskan Natives.  A determination of TEQs 
in ringed seal blubber following analysis for coplanar 
congeners is particularly needed, especially as it is 
processed for food. 
 
In the prior version of this monograph, we recommended 
prioritized analysis of Pacific walrus in Alaska. Since

that time, two studies have been published that 
documented low POP concentrations in Pacific Walrus 
blubber from the Bering Sea, relative to POP 
concentrations in beluga blubber (Seagars and Garlich-
Miller, 2001; Struntz and Kucklick, 2000). In the 
Canadian Arctic, some Pacific walrus had unexpectedly 
high concentrations of POPs in blubber (Muir et al., 
1992b). Walrus at Inukjuak with high POP blubber 
concentrations (an average of 11.5 ppm PCBs in males, 
wet weight) were thought to have been feeding at a 
higher trophic level than usual, and predation on ringed 
seals was suspected (Muir et al., 1995). Although seal 
predation was once thought to be an uncommon behavior 
confined to large male walrus, the behavior may be more 
common than previously believed. Although seal 
predation has also been observed in Pacific walrus in 
Alaska (Lowry and Fay, 1984), it is unknown how 
common that behavior might be.  Ecological research to 
determine the incidence of seal predation among walrus 
in Alaska would be helpful, as only these “rogue walrus” 
are likely to have elevated POP blubber concentrations.   
 
Additional information is needed on blubber POP 
concentrations in northern fur seals.  A recent study has 
measured comparatively high PCB concentrations in fur 
seals in Alaska, which the authors speculated may have 
been due to their higher trophic level and more extensive 
annual migrations in potentially contaminated areas 
relative to other Alaskan seal species (Krahn et al., 
1997). 
 
Finally, a sixth marine mammal that warrants focused 
research is the Stellar sea lion.  Although few samples 
have been analyzed, available data indicate that Stellar 
sea lion blubber contains some of the highest PCB 
concentrations among marine mammals in Alaska.  
Stellar sea lions have the potential to bioaccumulate 
higher concentrations of organic contaminants, because 
they have a marine mammal component to their diet.  
Stellar sea lions are known to eat northern fur seal pups, 
sometimes in large numbers (Hoover, 1988).  There is 
also speculation that Alaskan Stellar sea lions may 
become exposed to PCBs along their migration route, 
which encompasses offshore areas of southern California 
(Varanasi et al., 1993). 
 
For all marine mammal species consumed by humans, 
there is a need to investigate the distribution of POP 
concentrations among individual animals in a population.  
Some contaminants, such as heavy metals, are highly 
skewed in marine mammal populations. A few indi-
viduals have very high contaminant concentrations, 
while most individuals have much lower concentrations. 
The extent to which this is true for POP concentrations in 
marine mammal tissues such as blubber requires further 
research. 
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Time Trends of POP Concentrations in the Arctic 
Environment 
 
There are insufficient data to conclude whether 
concentrations of PCB-like chemicals in the Alaskan 
environment have been increasing or decreasing over 
time, although available data indicate that PCB 
concentrations are declining. For example, decreasing 
PCB concentrations have been observed in Peregrine 
Falcons in Alaska over the last several decades (Ambrose 
et al., 2000).  Data collection of PCB concentrations in 
the Canadian arctic environment has been more 
comprehensive and long-term than in Alaska.  Time 
trend information is emerging for the Canadian Arctic, 
and this may shed light on what might be happening in 
Alaska. On Ellesmere Island in Nunavut, air samples 
were collected weekly and analyzed for PCBs (Hung et 
al., 2001).  During the time period from 1993-1997, there 
was evidence of a declining trend for several of the 
lighter, less chlorinated PCB congeners. However, with 
the exception of PCB 180, the more chlorinated PCB 
congeners did not decline over that time period.  This 
was in marked contrast to temperate sites, indicating a 
lag time for decline between the Arctic and source 
regions. Half-lives of PCBs were longer at Nunavut 
relative to temperate sites, perhaps due to the lower 
temperatures and darkness at Nunavut, and the process of 
global fractionation. 
 

A lack of decline of PCB concentrations has also been 
observed in biota from arctic Canada and Greenland.  A 
decline in PCB concentrations was not observed between 
1978 and 1988 in walrus from Greenland (Muir et al., 
2000). In the Western Canadian Arctic, PCB concen-
trations in ringed seal blubber decreased significantly 
from 1972 to 1981, but then did not decrease further 
between 1981 and 1991 (Addison and Smith, 1998).  
Concentrations of PCBs in polar bears in the eastern 
Canadian Arctic appear to have increased form the 1970s 
to the 1980s, while PCB concentrations in ringed seal 
blubber showed no significant change from the mid-
1980s to 1990s (Muir and Norstrom, 2000). Further work 
on time trends in polar bears and ringed seals with 
samples collected from the late 1990s has been urged to 
confirm anticipated declining trends in PCBs (Muir and 
Norstrom, 2000). 
 

Concern is emerging worldwide regarding increasing 
concentrations of polybrominated diphenyl ethers 
(PBDEs) in wildlife (and humans, to be discussed later).  
Exponential increases in PBDE concentrations have 
recently been demonstrated in Canadian and Great Lakes 
wildlife.  In Canadian arctic ringed seal blubber, PBDEs 
increased exponentially during the period 1981 – 2000 
(Ikonomou et al., 2002).  PBDE concentrations in arctic 
ringed seals are currently far lower than PCB and dioxin 
concentrations, but if current rates of bioaccumulation 

continue, PBDEs will surpass PCBs to become the most 
prevalent POP compound in Canadian arctic ringed seals 
by the year 2050 (Ikonomou et al., 2002).  PBDEs are 
also increasing exponentially in Great Lakes Herring 
Gulls, with a doubling time of around 3 years for the 
Penta-BDE congeners (Norstrom et al., 2002) (Figure 4).  
If current PCB and PBDE trends continue, it will only 
take 10 –15 years for PBDEs to become the most 
abundant POP contaminant in the Great Lakes (Norstrom 
et al., 2002). To our knowledge, PBDEs have not yet 
been measured in the Alaskan environment or human 
population.  These chemicals of emerging concern 
should be a high priority for investigation in Alaska. 

Potential Health Effects of PCB-like Chemicals 
 
There are a number of vexatious and contentious public 
health concerns related to exposure to PCBs, dioxins and 
related chemicals. Biological changes following PCB or 
dioxin exposure can be measured using a variety of 
different endpoints. Some biochemical changes, such as 
the induction of certain enzymes, are quite specific to 
this class of compounds and are expected responses. 
However, the functional significance of such alterations 
is often not clear. Other potential endpoints that are 
functionally more relevant, such as cancer or 
immunosuppression, can be caused or influenced by a 
variety of factors and cannot, with current scientific 
technology and understanding, be unambiguously 
attributed to low-level POP exposures in free-ranging 
wildlife and humans. 
 
Some of the adverse biological effects that are associated 
with exposure to PCB-like chemicals have been observed 
primarily in laboratory animals treated with relatively 
high doses.  It is difficult, and in some cases not valid, to 
extrapolate results obtained from high dose animal 
laboratory studies to the possible effects that might occur 
in humans exposed to chronic low doses. “Chronic” 
effects such as cancer that are observed in animal studies 
at high doses may be related to frank cellular toxicity and 
resultant cell proliferation, whereas the subtle long-term 
effects of low doses may be related to a complex 
alteration of hormonal systems involved in cell 
proliferation and differentiation.  There is a large degree 
of variability in susceptibility to PCB-like chemicals 
among species, and there can also be great inter-
individual variability in susceptibility within a species 
(DeVito et al., 1995). 
 
The most toxic PCBs exert their effects on organisms 
through a common mechanism (Poland and Knutson, 
1982).  In the cell, these dioxin-like chemicals bind to 
the aromatic hydrocarbon receptor (AhR) (Landers and 
Bunce, 1991), and the dioxin/AhR complex interacts 
with DNA. This interaction results in an alteration of 
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gene expression, which mediates the responses of the 
organism to dioxin-like chemicals (Landers and Bunce, 
1991). The toxicity of individual congeners is determined 
by their relative affinities for the AhR. Congeners that 
can assume a coplanar configuration have a greater 
affinity for the AhR, and are thus the more toxic PCBs.  
Relatively few congeners are coplanar, and they are 
usually minor components of PCB mixtures in the 
environment.   
 
As discussed earlier, it is common to compare the AhR-
mediated potency of individual coplanar PCB congeners 
relative to the potency of the most toxic congener, in 
terms of a “TCDD equivalency factor” (TEF). This 
approach assumes that the toxicities of the congeners are 
additive, and that the congeners do not interact in an 
antagonistic or synergistic manner.  The non-planar PCB 
congeners or their metabolites elicit some toxic 
responses, such as neurobehavioural, neurochemical, 
carcinogenic and endocrinological changes, that do not 
appear to be mediated by the AhR (Ahlborg et al., 1992).  
The TEQ approach cannot presently be applied to these 
non-AhR responses. 
 
The degree of hazard associated with human exposure to 
PCBs and dioxins is of scientific controversy, and 
scientific opinions have changed over time (Hanson, 
1991). In early assessments, TCDD was dubbed “the 
most toxic synthetic chemical known to man”.  This was 
largely due to its great potency in guinea pigs, which die 
following exposure to minute concentrations of TCDD 
(the LD50 is approximately 0.6 µg/kg for this species). 
 
With further study, we learned that there are dramatic 
differences in species sensitivity to TCDD.  For example, 
about a 1,000 to 10,000-fold greater dose of TCDD is 
required to kill a hamster than a guinea pig (DeVito and 
Birnbaum, 1994).  On the comparative scale of species 
sensitivity, some scientists conclude that humans are 
relatively insensitive to the adverse effects of TCDD and 
other planar dioxin-like chemicals. 
 
Following several large accidental PCB, dioxin and furan 
exposure incidents, the only observed adverse effects in 
humans that have been unequivocally linked to PCB- and 
dioxin-like chemicals have been chloracne (Suskind, 
1985) and other skin disorders (Lu and Wu, 1985); there 
may also be an association with increased cancer 
incidence in heavily exposed populations (Bertazzi et al., 
1987; Bertazzi et al., 1993; Fingerhut et al., 1991).  
Following an industrial accident in Seveso, Italy at which 
TCDD was released in large amounts, animal mortality 
was about 25% in the most directly impacted zone 
although none of the 733 persons present in the most 
contaminated zone were killed (Bertazzi and Di 
Domenico, 1994; Pocchiari et al., 1979). Current 
analyses continue the scientific controversy over the 

degree of human sensitivity to the toxic effects of dioxin-
like chemicals (DeVito et al., 1995).  Concern continues 
because exposure to chronic, low concentrations of 
dioxins may produce subtle toxic effects that are difficult 
to detect. 
 
The industrial and occupational incidents that produced 
obvious deleterious effects in humans involved 
exposures to PCBs or dioxins that were orders of 
magnitude greater than the background exposures in the 
United States, or exposures related to the consumption of 
traditional foods in the Arctic.  For example, adverse 
birth outcomes such as decreased birth weights, delayed 
developmental milestones and skin disorders occurred in 
the offspring of Taiwanese women who consumed rice 
oil contaminated with PCBs and furans.  The average 
body burden of the women involved in that poisoning 
incident known as Yu-Cheng was 2130 ng TEQ/kg body 
weight, which was 164 times greater than the average 
human background body burden of 13 ng TEQ/kg body 
weight (DeVito et al., 1995). 
 
The PCB/dioxin risks about which public health 
professionals and Alaska citizens are most concerned are 
chronic, long-term or subtle effects that may occur at 
very low dose levels from subsistence foods.  The 
following evaluation will discuss four possible chronic 
effects that are of primary concern with regard to 
PCB/dioxin exposure: cancer, neurobehavioral changes, 
reproductive impairment and immunosuppression.  In 
general, these negative health outcomes can all be caused 
or influenced by a variety of genetic, nutritional, 
physiologic, lifestyle, and other factors and are 
impossible to attribute unambiguously to low-level PCB 
or dioxin exposure in humans. 
 

Cancer 
 

Cancer is a group of many related diseases.  All forms of 
cancer involve out-of-control growth and spread of cells 
(Alaska Cancer Registry, 2002).  Cancer is classified by 
the part of the body in which it began, and by its 
appearance under a microscope. Different types of cancer 
vary in their rates of growth, patterns of spread, and 
responses to different types of treatment.  Cancers occur 
in all human populations, and the incidence of cancer 
increases greatly with age. 
 
In the United States, cancer is second only to heart 
disease as a cause of death, accounting for 22% of all 
deaths (Fraumeni et al., 1993).  In 1998, cancer was the 
leading cause of death in Alaska, accounting for 25.2% 
of all Alaska resident deaths (Alaska Cancer Registry, 
2002).  Cancers have increased greatly in Americans in 
the past 40 years, due to a large increase in life 
expectancy and to the high incidence of cigarette 
smoking since the 1940s.  In the United States, smoking 
accounts for about 40% of all cancer deaths in men and 
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about 20% of all cancer deaths in women (Fraumeni et 
al., 1993).  
 

PCBs have been classified by the USEPA as probable 
human carcinogens.  If PCBs cause cancer in humans, 
PCB-caused cancers are rare and account for only a tiny 
to negligible proportion of all cancers. Only a small 
proportion of cancers are related to exposure to 
hazardous chemicals from the workplace or environment 
(Ames et al., 1995). 
 

PCBs and dioxins are known to cause cancer in 
laboratory animals that are experimentally exposed to 
high doses. The more highly chlorinated PCB mixtures 
cause liver cancer in rodents, probably through a 
promotion mechanism (Safe, 1989). The increased 
incidence of liver cancer in rodents usually occurs at 
high doses that are toxic to liver cells (Kociba et al., 
1978; Tatematsu et al., 1979).  The most toxic dioxin 
congener, TCDD, acts as a tumor promoter in laboratory 
animals (Pitot et al., 1980) but has weak or no initiation 
activity (Shu et al., 1987). That is, PCB- and dioxin-like 
chemicals may “promote” the growth of cells that have 
already been damaged by a different, initial insult during 
the first stage of carcinogenesis. 
 
Tumor promotion appears to be mediated by the Ah 
receptor, and likely results from modifications in 
hormonal systems involved in cell growth and 
differentiation such as the epidermal growth factor and 
estrogen receptor. Coplanar PCBs with dioxin-like 
activity may act through a similar Ah-mediated tumor 
promotion mechanism. The doses of dioxin-like 
chemicals that were required to induce cancer in 
experimental animals were large, and involved an 
estimated body burden (in terms of ng TEQ/kg body 
weight) that was 100 to 10,000 times higher than the 
background body burdens of TEQs found in humans 
today (DeVito et al., 1995). A recent analysis has 
convincingly shown that humans are significantly less 
susceptible than rats to TCDD-induced carcinogenesis, 
and that low-level background exposures to TCDD are 
not associated with an increased cancer risk in humans 
(Aylward et al., 1996). 
 
PCBs and dioxins can indirectly modulate the incidence 
of cancer caused by other chemicals.  The induction of 
phase I and phase II drug-metabolizing enzymes can lead 
to either an increase or a decrease in the toxicity of a 
variety of chemicals.  In some cases, potent carcinogens 
are metabolized and cleared from the body more rapidly 
following PCB- or dioxin-induced enzyme induction, or 
adduct formation is otherwise reduced, such that dioxin-
like chemicals can be protective and act as anti-
carcinogens. For example, aflatoxin B1-induced 
hepatocellular carcinomas in trout can be inhibited by 
pre-initiation treatment with PCBs (Hendricks et al., 
1977; Makura et al., 1974; Shelton et al., 1986).  

Exposure of women to high levels of TCDD has also 
been associated with a slight decrease in the incidence of 
estrogen-dependent cancers of the breast and uterus 
(Bertazzi et al., 1993), which could possibly be related to 
the antiestrogenic properties of TCDD (Safe et al., 1991). 
 
A number of epidemiological studies have been 
performed to examine the incidence of cancer in human 
populations that have been accidentally exposed to high 
levels of PCBs or dioxins (Hardell et al., 1994). In 
general, it has been difficult to detect statistically 
significant differences in the incidence of relatively rare 
forms of cancer between PCB- or dioxin-exposed and 
control populations. Very large numbers of study 
subjects are required to detect such changes, because the 
risk is so low. For example, in a population of 4,824 
people exposed to high levels of TCDD during a 
chemical plant explosion in Seveso, Italy (Zone B), six 
cases of hepatobiliary cancer were detected among those 
who had lived in the zone for at least five years (Bertazzi 
et al., 1993).  This was a statistically significant increase 
in incidence from the 2.1 cases expected. Even following 
the extreme TCDD exposures experienced in Seveso, 
detecting a health impact was difficult because of the 
rarity of cancer incidence, the small number of exposed 
individuals, and the short length of follow-up. 
 
A number of studies have been conducted to assess 
cancer risk in people with occupational PCB or dioxin 
exposures. In a large study of electric utility workers 
occupationally exposed to PCBs, mortality from 
malignant melanoma increased monotonically with 
increasing cumulative exposure to PCB insulating fluids 
(Loomis et al., 1997). A separate examination of the 
same cohort did not reveal a significant association 
between PCB exposure and mortality from prostate 
cancer (Charles et al., 2003).  A recent meta-analysis of 
three cohorts occupationally exposed to dioxin-like 
compounds revealed an increase in total cancer mortality 
associated with a lifetime intake rate of 7 pg TCDD-
TEQ/kg body weight/day, with no increased risk at 6 pg 
TEQ/kg body weight/day (Crump et al., 2003).  For 
comparison, the U.S. EPA estimates the average current 
lifetime human exposures to dioxin to be approximately 
1 pg TEQ/kg/day, with 99% of Americans being exposed 
to less than 3 pg TEQ/kg body weight/day (Crump et al., 
2003). 
 
Exposure to PCBs or dioxins has not been consistently 
associated with one particular form of cancer, but instead 
has been associated with different types of cancers in 
various studies.  This observation confirms that if they 
cause human cancer, PCBs and dioxins are not directed 
towards one specific target organ, but exert a pleiotropic 
response that affects the endogenous regulation of cell 
differentiation and proliferation.  However, certain types 
of cancer are more commonly associated with PCB or 
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dioxin exposure, including soft tissue sarcoma, cancers 
of the hematopoietic system, and cancers of the liver and 
extrahepatic biliary system. 
 
In humans, occupational doses of PCBs or dioxins have 
been associated with cancer of the liver and extrahepatic 
biliary system, including the bile ducts and gall bladder 
(Brown, 1987). Among capacitor plant workers the 
geometric mean serum concentration of Aroclor 1242 
was 1470 ppb versus 6.6 ppb in controls; 5 cancers were 
observed versus 1.9 expected.  Liver cancer has also 
been observed in experimental animals treated with high 
doses of TCDD (Kociba et al., 1978).  However, PCBs 
and dioxins are considered to be minor risk factors for 
hepatocellular carcinoma (HCC) in comparison to other 
known causes.  It is estimated that approximately 75% of 
HCC cases worldwide can be attributed to one of three 
causes: hepatitis B virus, alcohol, or aflatoxin (a natural 
product of mold that can contaminate foods) (Falk, 
1982).  Cancers of the biliary tract are usually associated 
with the incidence of gall stones, although hormonal, 
nutritional and genetic factors are also important 
(Fraumeni and Kantor, 1982). 
 
Limited data suggest that liver and gall bladder cancer 
rates may be elevated among Alaskan natives compared 
to the overall white population of the United States 
(Nutting et al., 1993). It is unlikely that PCB-like 
chemicals are involved in the etiology of these diseases, 
because exposures of Alaskan natives to PCBs and 
dioxins are much lower than those experienced by 
accidentally exposed human populations in which 
carcinogenic effects have been observed.  The higher rate 
of liver cancer in Alaska Natives relative to the total U.S. 
population is due to a greater prevalence of hepatitis B 
infection among Alaskan Natives (Lanier et al., 1989). 
 
It has been hypothesized that background exposures to 
organochlorines (such as PCBs or persistent pesticides) 
may increase the risk of breast cancer (Davis et al., 1993; 
Krieger, 1989).  Many organochlorines have very weak 
estrogenic or anti-estrogenic activity, and exposure to 
endogenous estrogens is a known risk factor for devel-
opment of breast cancer. A number of epidemiological 
studies have been conducted to determine whether 
organochlorine exposure is a significant risk factor for 
development of breast cancer. Some preliminary studies 
with small sample sizes reported higher organochlorine 
exposures in breast cancer patients relative to controls 
(Dewailly et al., 1994a; Falck et al., 1992; Wolff et al., 
1993). However, several larger, recent, well designed 
studies have since shown that organochlorine exposures 
were not associated with an increased breast cancer risk 
(Hunter et al., 1997; Safe, 2000). However, one 
preliminary report indicated a possible increase in breast 
cancer risk among women with both elevated 
organochlorine exposure and a genetic polymorphism of 

the cytochrome P4501A1 gene (Moysich et al., 1999); 
further research is needed on this topic. 
 
There are a number of reasons why a hypothesized breast 
cancer/organochlorine exposure link is not plausible 
(Safe, 1995; Safe, 2000).  First, several epidemiological 
studies of women occupationally exposed to relatively 
high levels of DDT (Higginson, 1985) or PCBs (Brown, 
1987) have not shown a higher incidence of breast 
cancer.  Second, most organochlorines are not estrogenic, 
and the estrogenic activity of the others is very weak.  
The relative contribution of estrogenic organochlorines 
to total exogenous estrogen exposure is very small.  For 
example, Safe calculated that, in µg/day, the birth control 
pill may contribute 16,675 estrogen equivalents per day, 
bioflavonoids naturally present in many foods contribute 
about 102 estrogen equivalents per day, and 
environmental organochlorine estrogens may contribute 
0.0000025 estrogen equivalents per day (Safe, 1995).  
Some organochlorines such as TCDD are antiestrogenic, 
and dietary levels of antiestrogen equivalents (industrial 
or natural) are significantly higher than the estrogen 
equivalents of organochlorine pesticides or PCBs (Safe, 
1995).  Several researchers who have recently reviewed 
the organochlorine/breast cancer literature have reached 
the same conclusion: in the general population, the 
weight of evidence does not support a causative 
association between organochlorine exposure and breast 
cancer (Adami et al., 1995; Ahlborg et al., 1995; Laden 
and Hunter, 1998; Safe, 2000). 
 
A substantial body of evidence has accumulated 
indicating that the incidence of testicular cancer in men 
has increased significantly since the 1960s (Crisp et al., 
1998).  There are marked differences in testicular cancer 
incidence levels between countries and between races.  
The incidence level of testicular cancer in Denmark is 
particularly high; it is about 5 times higher than in 
Finland.  Cryptorchidism, a condition in which one or 
both testicles have not descended, is a known risk factor 
for testicular cancer.  It has been suggested that exposure 
to environmental contaminants such as organochlorines 
may cause cryptorchidism and/or testicular cancer, 
through a process called endocrine disruption (discussed 
in detail in a later section of this report) (Harrison et al., 
1997).  The hypothesis that exposure to organochlorines 
may be responsible for the observed increase in testicular 
cancer incidence is not well supported, based on several 
lines of reasoning (Safe, 2000).  First, while the overall 
incidence of testicular cancer has increased in all 
Scandinavian countries during the last 25-30 years, there 
has been an 80-90% decrease in average breast milk 
DDE concentrations, showing an inverse relationship 
between testicular cancer and DDE concentration 
(Ekbom et al., 1996). Second, the Scandinavian countries 
do not have major differences in human or environmental 
concentrations of organochlorines, yet their incidence 
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levels of testicular cancer are dramatically different. The 
environmental and lifestyle factors, including diet and 
occupational exposures, that are responsible for this 
disease are unknown and should be investigated (Safe, 
2000). 
 
Information available to date does not support the 
existence of a causal relationship between POP exposure 
and cancer incidence among Alaska Natives.  In a recent 
study, no relationship was observed between the 
incidence of breast cancer and serum concentrations of 
PCBs or other organochlorine chemicals among Alaska 
Native women (Rubin et al., 1997). However, it is 
important to note that this study had limited power to 
detect such a relationship due to its relatively small 
sample size, and additional research is needed. 
 

Immunotoxicity 
 
The immune system may be the most sensitive target for 
PCB and dioxin toxicity in experimental animals.  The 
evidence for clinically relevant immunotoxicity in PCB- 
or dioxin-exposed humans is less consistent (DeVito et 
al., 1995).  However, there is concern that low levels of 
PCBs or dioxins may have subtle immunosuppressive 
effects in exposed humans, making them less able to 
avoid or combat infectious diseases or cancer.  
Alternatively, an enhanced immune response could have 
negative repercussions such an increased incidence of 
allergic reactions or autoimmune diseases.  The immune 
system involves a complex interaction of many cell types 
and soluble mediators, and immune responses are time-
dependent relative to antigen exposure. Immuno-
toxicological assessments must consider these levels of 
complexity in order to produce interpretable results. A 
wide variety of immunological endpoints have been 
studied with regard to the toxicity of PCBs and dioxins. 
 
Immunosuppressive effects of PCBs and dioxins are 
largely modulated through the Ah receptor (Kerkvliet, 
1994; Silkworth and Grabstein, 1982). The immuno-
toxicity of PCB/dioxin mixtures are often not additive, as 
certain PCBs antagonize the immunotoxic effects of 
other PCBs and dioxins including those of TCDD 
(Harper et al., 1995). Therefore, the TEQ approach 
cannot be accurately used to estimate the immunotoxic 
potency of PCB/dioxin mixtures at this time (Tryphonas, 
1994). 
 

 
Immunotoxic effects have been observed in marine 
mammals fed fish from contaminated areas.  In a 2.5 year 
feeding study, captive harbor seals fed fish from the 
heavily polluted Baltic Sea exhibited an impairment of T 
cell mediated immune responses (De Swart et al., 1995) 
and a suppression of natural killer cell activity (Ross et 
al., 1996) in comparison to seals fed fish from the 

relatively uncontaminated Atlantic Ocean.  Natural killer 
cells are an important first line of defense against viral 
infections (Golub and Green, 1991). Consumption of 
dioxin-like chemicals was about ten times higher in the 
Baltic herring-fed than in the Atlantic herring-fed seals 
(288 ng TEQ and 29 ng TEQ per day respectively) 
(Swart et al., 1994), and total TEQs in the blubber of test 
subjects following two years on the different diets were 
approximately 3.4 times greater in the Baltic than 
Atlantic-fed seals (Ross et al., 1996). Although these 
chemicals might have contributed to the immuno-
suppression observed, it is possible that other 
immunosuppressive agents may have been present in the 
fish as well. 
 
Consumption of Baltic Sea fish may also affect the 
human immune system, since reduced numbers of natural 
killer cells were found in the blood of 23 adult males 
with high fish consumption relative to a group of 20 men 
who did not eat fish (Svensson et al., 1994).  Differences 
in natural killer cell numbers were small, however, and 
all other immune system parameters measured were not 
significantly different between the two groups. A number 
of constituents that can impair the activity of natural 
killer cells were present in the fish and were highly 
intercorrelated, including methyl mercury, PCBs and 
dioxins, p,p’-DDT, and omega-3 polyunsaturated fatty 
acids. Therefore, the specific causative agent of natural 
killer cell impairment could not be identified.  
Furthermore, the observed differences were not likely to 
have functional significance. It should be emphasized 
that concentrations of POPs are much lower in Alaskan 
fish than in fish from the highly contaminated Baltic Sea.  
In one study, concentrations of PCBs and DDTs were ten 
times lower in cod from the Western Tana Fjord (Barents 
Sea) than in cod from the Gulf of Finland (Baltic Sea) 
(Vuorinen et al., 1989). 
 
There is some concern that contaminant-induced 
immunosuppression may have contributed to a number of 
epizootics in recent years among seals and dolphins 
inhabiting polluted coastal waters (Aguilar and Borrell, 
1994; Sarokin and Schulkin, 1992).  In mice, enhanced 
susceptibility to influenza virus was observed following 
a single dose of 10 ng TCDD/kg body weight, making 
viral host resistance the most sensitive adverse effect yet 
reported for TCDD in this species (Burleson et al., 1996).  
In Europe, a large number of marine mammals died from 
infections with morbillivirus, and it is hypothesized that 
environmental contaminants may have rendered the 
stricken animals less immunocompetent to fight the 
disease (Hall et al., 1992). If such trends were global in 
nature, a decrease in marine mammal populations due to 
reduced immunocompetence could negatively affect 
Alaskan natives by reducing their traditional food supply.  
Fortunately, most Alaskan marine mammals are not 
exposed to the same degree of contamination as are 
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marine mammals from industrial coastal areas.  For 
example, PCBs in common seals from the North and 
Baltic Seas were 34 times higher than PCBs in ringed 
seals from the arctic island of Spitzbergen (Luckas et al., 
1990).  Large-scale marine mammal epizootics such as 
those described in Europe and the east coast of the 
continental U.S. have not been observed in Alaska. 
 
Different approaches have been used to study 
immunological endpoints of PCB and dioxin exposure in 
humans.  Endpoints such as the incidence of infections 
and the response to vaccinations are integrated 
measurements of immune function that are highly 
relevant to human health, but they are non-specific to 
PCB or dioxin exposures.  The number and relative 
quantities of various subsets of immune-related cells 
(lymphocytes) can function as specific markers of 
immune function, and they are often quantified in the 
blood. Immune cells from PCB- or dioxin-exposed 
humans can be cultured, and their proliferative response 
to challenge with specific mitogens or antigens can be 
assessed.  Investigations of the in vitro function of 
immune cells in culture can diagnose specific aspects of 
the immune system, but are more difficult to relate to in 
vivo relevance. 
 
Most immunological parameters have a very broad range 
of normal values, and small differences are often not 
biologically meaningful (Kerkvliet, 1994).  Many of the 
in vitro assays that have been performed with immune 
cells from PCB- or dioxin-exposed humans have 
produced conflicting results in different studies.  There 
are at least two possible reasons for this.  First, in vitro 
assays can be greatly influenced by laboratory 
procedures and culture conditions. For example, when 23 
commercial lots of serum were tested as components of 
cell culture media for in vitro assays, five of the serum 
lots supported a suppression of T-dependent humoral 
immune response while the remaining lots demonstrated 
an apparent protective effect against the TCDD exposure 
(Morris et al., 1991).  Second, in vitro studies remove the 
complex influence of non-lymphoid factors on immune 
function, such as circulating endocrine hormones.  
Endocrine hormones such as glucocorticoids, sex 
steroids, thyroxine, growth hormone and prolactin are 
involved in the regulation of the immune response, and 
many of these hormones are influenced by PCBs and 
dioxins (Kerkvliet, 1994). The in vivo response to an 
antigen challenge such as sheep red blood cells (SRBD) 
can also be measured.  One advantage of this approach is 
that it integrates the interactions of many immune 
systems components as well as non-lymphoid factors 
such as the endocrine system. 
 
Epidemiological investigations of immunological 
characteristics have been performed in several human 
populations that were accidentally exposed to relatively 

high concentrations of PCBs or dioxins. The 
epidemiological studies were often limited by small 
sample sizes, and exposures to PCBs and dioxins were 
often not measured.  The studies were conducted at very 
different times post-exposure. In some cases several 
decades had elapsed between the time of exposure and 
the time of evaluation.  This could be a problem because 
immunological parameters could recover over time 
following an accidental exposure.  Representative studies 
are presented in Table 5, which illustrates only a fraction 
of the wide variety of endpoints that have been measured 
and the inconsistency of the results obtained among 
various studies. 
 
The incidence of infections has been related to accidental 
PCB, dioxin and/or furan exposures in several human 
populations. In Taiwanese Yu-Cheng patients acciden-
tally exposed to rice oil contaminated with PCBs and 
furans, “frequent” infections of the respiratory tract and 
skin were observed, although the incidence was not 
compared with a control group (Lu and Wu, 1985). In a 
follow-up study, Yu-Cheng children exposed prenatally 
to the contaminated rice oil had a significantly higher 
incidence of middle-ear diseases than did controls, and 
middle-ear disease incidence was correlated with serum 
dibenzofuran concentrations (Chao et al., 1997).  Sixteen 
years after the Yu-Cheng incident, no dose-response 
relationship was found between 27 Yu-Cheng children’s 
serum PCB/furan concentrations and any immunologic 
markers (Yu et al., 1998). Following the accidental 
release of large quantities of TCDD in Seveso, Italy, an 
increase in reports of infectious childhood diseases 
occurred, but it was thought to be due to increased 
reporting by doctors rather than to TCDD exposure 
per se (Pocchiari et al., 1979). 
 
Several larger epidemiological studies have recently been 
conducted in Europe to examine the possible relationship 
between immunocompetence and background levels of 
PCB- and dioxin-like exposures in children. In a 
population from the Netherlands with a relatively high 
background exposure to PCBs and dioxins, there was no 
significant correlation between pre- and post-natal 
exposure to these chemicals and the number of infections 
during the first 18 mo of life, or in vaccination 
effectiveness in the infants (Weisglas-Kuperus et al., 
1995).  In a follow-up study of the same children, plasma 
PCB concentrations at 42 months were associated with a 
higher prevalence of recurrent middle-ear infections and 
chicken pox, and a lower prevalence of allergic reactions 
(Weisglas-Kuperus et al., 2000). In a study of 200 
teenagers from Belgium with background PCB/dioxin 
exposures, dioxin TEQ concentrations in serum were 
also negatively associated with allergic responses to 
house dust mites, cat dander and grass pollen (Van Den 
Heuvel RL, 2002). These results are consistent with a 
laboratory experiment in which rats exposed to 2,3,7,8-
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TCDD exhibited a suppression of allergic immune 
responses to house dust mite allergen (Luebke et al., 
2001). 
 

The possibility of PCB- or dioxin-induced 
immunosuppression among the Canadian Inuit was 
proposed, related to the incidence of infectious diseases 
such as otitis (Julien et al., 1987) and meningitis (Proulx, 
1988).  The incidence of these diseases has been much 
greater in infant Inuit from northern Quebec than in 
infants from other populations, and there has been 
speculation that PCBs and/or dioxins in Inuit food might 
have been responsible via immunosuppressive mecha-
nisms (Dewailly et al., 1989; Dewailly et al., 1993).  In a 
recent study of the Nunavik population, prenatal 
exposure to some organochlorines (as measured in 
immature breast milk of the mother) was associated with 
an increased risk of developing acute or recurrent otitis 
media (middle-ear infection) (Dewailly et al., 2000).  The 
organochlorines most commonly associated with an 
increased risk of otitis media included the pesticides 
hexachlorobenzene, p,p’-DDE and dieldrin; a statistically 
significant relationship with PCBs was not observed.  
Dioxins, furans and coplanar PCBs were not measured in 
the study.  
 

A substantial body of scientific evidence reveals that 
other known risk factors are actually responsible for the 
high incidence of otitis media among the Inuit.  These 
risk factors for otitis media include low socioeconomic 
status, family history, house-crowding, anatomical 
factors such as morphology of the Eustachian tube, 
exposure to tobacco smoke, and genetic factors (Infante-
Rivard and Fernandez, 1993; Julien et al., 1987; Lim et 
al., 1998; Stathis et al., 1999).  Race may be an important 
risk factor for otitis media. Historically, American 
Indians, Canadian Eskimos and Native Alaskans have 
experienced a much greater prevalence of otitis media 
than have white children, while black children seem to be 
at lesser risk than white children (Infante-Rivard and 
Fernandez, 1993).  
 
Confounding factors make assignment of causality 
difficult for otitis media cases.  Breast feeding has been 
shown in many studies to be a significantly protective 
factor against the development of otitis media (Infante-
Rivard and Fernandez, 1993), despite the fact that infants 
may be exposed to POPs in breast milk.  Also, there are 
potential confounding immunosuppressive influences 
within the fish diet itself, such that it would be difficult 
to separate the influence of POPs. For example, the 
omega-3 polyunsaturated fatty acids found in fish are 
potent immunosuppressive agents (Blok et al., 1996; 
Kelley and Daudu, 1993). 
 
No clear pattern of PCB- or dioxin-mediated 
immunotoxicity in humans has emerged from 
epidemiological studies (Table 5).  Parameters such as 

the CD4/CD8 ratio, immunoglobulin levels and 
lymphocyte proliferation were decreased in PCB- and/or 
dioxin-exposed individuals in some studies, but 
increased or unaffected in exposed individuals in other 
studies. It is also important to recognize that the effects 
of chronic low-level exposures to PCBs or dioxins may 
be fundamentally different from those that occur 
following accidental high-dose exposures.  In marmoset 
monkeys, the effect of repeated low exposures of TCDD 
on a T cell subpopulation (helper-inducer or “memory” 
cells) was the opposite of that which occurred at higher 
exposures (Neubert et al., 1992).  Therefore, 
extrapolations from data obtained at high TCDD dose 
levels to much lower exposures are probably not justified 
with respect to immune system effects, and the “possible 
effects induced by high occupational exposures or in 
victims of accidents are not necessarily to be expected .... 
at the much lower exposures of the general population” 
(Neubert et al., 1992). 
 

Reproductive and Developmental Toxicity; 
“Endocrine Disruption” 
 

Human reproduction and fetal development are regulated 
by the endocrine system, and involve a complex interplay 
of hormonal signals that can produce their effects at 
minute doses.  Chemicals that interfere with the normal 
functioning of hormonal signals have been called 
“endocrine disruptors”. The developing fetus is 
considered the most vulnerable and sensitive member of 
the population to endocrine disruption, because 
hormones play such a crucial role in fetal development. 
One important difference between exposure to endocrine 
disruptors during critical periods in development versus 
during adulthood is the irreversibility of an effect during 
development (Bigsby et al., 1999). 
 
Xenobiotic chemicals (that is, chemicals originating from 
outside the body) can interfere with hormonal signals in 
a variety of ways.  Some chemicals interact with 
hormone receptors. At times the chemical interacting 
with the receptor acts as an agonist, and mimics the 
hormone to “turn on” the receptor and induce biological 
effects.  In other cases the chemical interacting with the 
receptor acts as a hormone antagonist.  Effectively, it 
does not “turn on” the receptor but instead blocks the 
hormone from the receptor site, such that the hormone 
can not carry out its intended function (Klinge et al., 
1992).  Xenobiotics can also interfere with signals by 
altering the production, metabolism or clearance kinetics 
of hormones, or by influencing the regulation of hormone 
receptor levels. 
 
It has long been recognized that exposure to some 
xenobiotic chemicals can interfere with hormonal signals 
and result in adverse consequences (Birnbaum, 1994).  
Some plants found in nature produce chemicals that can 
cause sterility in the livestock or wildlife that consume 
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them (Cheeke and Shull, 1985). Also, the drug 
diethylstilbestrol (DES) produced vaginal cancer and 
other abnormalities of the reproductive organs in female 
offspring of mothers who took the drug during pregnancy 
(Herbst, 1981). These adverse outcomes were not 
expressed until the daughters reached puberty.  This drug 
is a potent mimic of the female hormone 17-Β-estradiol, 
and it produced its negative effects by altering the 
delicate hormonal balance of sex hormones in the womb 
during the critical period for sexual differentiation and 
development. 
 
More recently, environmental contaminants have been 
implicated as one of the causes of reproductive abnor-
malities in wildlife. Severe developmental abnormalities 
of the reproductive system were observed among 
hatchling alligators from a pesticide-contaminated 
Florida lake, including abnormal gonadal morphology, 
abnormal sex steroid concentrations, elevated neonatal 
mortality, and significantly reduced phallus size in male 
juveniles (Guillette, 1995). Low female reproductive 
activity and success were observed in belugas from the 
St. Lawrence Estuary in Canada, along with reproductive 
tissue disorders such as ovarian tumors and mastitis 
(Beland et al., 1993). Beluga blubber from the St. 
Lawrence estuary population was found to contain very 
high concentrations of PCBs and organochlorine 
pesticides (Martineau et al., 1987; Muir et al., 1990), as 
well as PAHs and heavy metals. Environmental 
contaminants are a suspected cause of the St. Lawrence 
beluga’s reproductive and other health problems (De 
Guise et al., 1995), although some feel the problem has 
been overstated, and population estimates and cancer 
rates for St. Lawrence beluga are controversial (Hammill 
et al., 2003; Kingsley, 1998). 
 

Hermaphrodism (a full set of both male and female 
sexual organs) and pseudohermaphrodism (ambiguity 
only in the external or internal genitalia, but not the 
gonads) have been documented in several arctic marine 
mammal individuals. A true hermaphrodite was dis-
covered in the St. Lawrence beluga population (De Guise 
et al., 1994), and four female pseudohermaphrodite polar 
bears were recorded at Svalbard (Wiig et al., 1998).  
Relatively high organochlorine concentrations have been 
measured in both of those populations, and 
organochlorine-induced endocrine disruption has been 
suggested as a potential cause of the abnormalities.  Two 
male bowhead whales taken by subsistence hunters near 
Barrow, Alaska were also classified as pseudo-
hermaphrodites (O'Hara et al., 2002). It is unlikely that 
organochlorine contaminants caused pseudohermaph-
rodism in the bowhead, because organochlorine 
concentrations are quite low in that filter-feeding species 
(Table 3). 
 

The process of sexual differentiation is particularly 
sensitive to hormone alterations.  The differentiation of 

sex organs from bipotential gonadal tissue occurs during 
early prenatal development and is determined by the 
milieu of sex hormones present during a critical period 
(Crews et al., 1995; Loomis, 1986).  In experimental 
animals, sexual differentiation of the brain and many 
aspects of adult sexual behavior are also determined by 
sex hormones present in the womb during finite critical 
periods of development.  For example, early sex 
hormone administration can have profound permanent 
sex reversing effects on adult behavior in birds (Adkins-
Regan, 1987). When male Japanese quail embryos are 
injected with 1 µg estradiol or 500 µg testosterone during 
a critical period of incubation, they can be completely 
behaviorally sex reversed.  As adults they fail to mount, 
crow, or strut; they are completely demasculinized and 
are behaviorally indistinguishable from females (Adkins, 
1979).  This effect is due to a fundamental change in the 
neural substrate underlying behavior. 
 

Recently there has been great concern that environmental 
contaminants, including PCBs and dioxins, may 
“disrupt” the endocrine system and cause deleterious 
reproductive and developmental effects in exposed 
wildlife and humans (Birnbaum, 1994; Brouwer et al., 
1995; Brouwer et al., 1999; Harrison et al., 1997).  
Although much attention has been paid to the 
“estrogenic” activity of various xenobiotic chemicals 
(perhaps due to the model toxicity displayed by DES), 
this is an overly simplistic approach to the issue. 
 
Chemicals may have estrogenic, anti-estrogenic, 
androgenic or anti-androgenic activities, which can by 
different mechanisms each alter the effective hormonal 
milieu in the womb (Crisp et al., 1998).  TCDD and 
structurally related chemicals displayed anti-estrogenic 
properties in human breast cancer cells (Krishnan and 
Safe, 1993). The complex mixture of estrogenic and anti-
estrogenic chemicals humans are exposed to through the 
environment and diet may be contra-active, and result in 
an insignificant overall effect (Safe, 1994a).  A more 
holistic approach to the problem of POP-induced 
endocrine disruption recognizes the profound 
interdependence of hormones, other soluble factors and 
immune system parameters in the body. Through 
alterations in gene expression PCBs and dioxins can 
influence a wide variety of hormones and soluble 
regulatory factors and alter the communication between 
cells, possibly by influencing gap junctions (Trosko et 
al., 1981). They therefore have the ability to influence 
reproduction and development not only by mimicking or 
blocking sex hormone activity, but also by altering 
processes of cell differentiation and growth during 
critical periods. 
 

 
It is necessary to consider several factors when 
evaluating the potential for xenobiotics to interfere with 
the endocrine system.  The potency of the xenobiotic and 
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the timing of the exposure at the relevant target cell or 
organ are both crucial.  The dramatic disruption of a 
process such as sexual differentiation can only happen 
during a very limited time period, which may only last a 
few days. The nature of the exposure can greatly 
influence the effect observed.  Some hormones are only 
active when presented as pulses, while slow steady 
exposures are not active (Gangong, 1985).  Due to the 
complexity of the biological systems involved, 
information obtained from in vitro screening assays (for 
example, for estrogen receptor binding) should be 
interpreted with caution until the chemical in question 
has been confirmed to produce reproductive or 
developmental toxicity in vivo using realistic exposure 
concentrations and scenarios. 
 
Endocrine disruptive potency and the nature of 
dose/response relationships are critical to understanding 
potential effects.  Many of the pesticides that have been 
termed “estrogenic” exhibit activity that is at least a 
thousand-fold weaker than endogenous estradiol, and 
very high doses of the pesticides were required to elicit 
observable estrogenic effects in experimental animals 
(Eroschenko, 1981; Kupfer and Bulger, 1980). The 
intake of environmental contaminant-related “estrogen 
equivalents” is minuscule in comparison to the quantity 
of “natural” estrogens produced by the body or 
consumed in food, and under most conditions it is 
unlikely that trace contaminants could contribute 
significantly to the body’s estrogen balance (Safe, 1995).  
However, there is some evidence that endocrine 
disruption effects do not always display a monotonic 
dose-response relationship (monotonic means that as the 
dose increases, the response either increases or stays the 
same) (Bigsby et al., 1999; vom Saal and Sheehan, 1998; 
Welshons et al., 2003).  For example, high doses of 
estrogens inhibited an effect (enlargement of the fetal 
mouse prostate) that was stimulated by much lower 
doses, demonstrating an inverted U-shaped dose-
response curve (vom Saal et al., 1997). In an in vitro 
bioassay several natural phytoestrogens were anti-
estrogenic at low concentrations (via aromatase 
inhibition), but estrogenic at high concentrations, 
exhibiting U-shaped dose-response curves (Almstrup et 
al., 2002). These experiments demonstrate the 
importance of performing dose-response assessments for 
endocrine disruptors across a wide range of doses, from 
levels encountered in the environment through doses that 
produce acute toxicity.  Since standard toxicity testing 
protocols call for in vivo testing at maximum tolerable 
dosages (Daston et al., 1997), over typically a maximum 
of a 50-fold dosage range, they may be inadequate to 
characterize relevant low-dose endocrine disruptive 
effects (Bigsby et al., 1999). 
 
 

Dioxins have exhibited reproductive and/or 
developmental toxicity in several animal models 

(Theobald and Peterson, 1994).  For example, in the rat a 
single maternal oral dose of TCDD on day 15 of 
gestation resulted in an impairment of several 
reproductive parameters in male offspring. Maternal 
doses as low as 0.16 µg TCDD/kg body weight produced 
significant dose-related delays in testicular descent, 
decreases in seminal vesicle and ventral prostate weights 
at several stages of sexual development (Mably et al., 
1992c), and sexual behavior during adulthood was 
demasculinized in male offspring (Mably et al., 1992b).  
Decreases in epididymis and cauda epididymis weight, 
daily sperm production, and caudal epididymal sperm 
number were observed at the lowest maternal dose tested 
(0.064 µg TCDD/kg body weight) (Mably et al., 1992a).  
Despite these alterations, reproductive outcomes of 
matings between the male offspring and control female 
rats were not significantly impaired during this study, 
even at the highest dose tested (1.0 µg TCDD/kg body 
weight) (Mably et al., 1992a). 
 
Endpoints related to reproduction have been investigated 
in human males exposed to PCBs, dioxins and/or furans.  
Some sperm quality deficits were observed in Yu-Cheng 
males exposed to PCBs and PCDFs relative to controls, 
including abnormal morphology, oligospermia, and 
reduced oocyte penetration (Hsu et al., 2003). It has been 
reported that sperm counts have dramatically decreased 
in humans during the past 50 years throughout the world 
(Carlsen et al., 1992), and it was suggested that 
environmental contaminants might be to blame (Colborn 
et al., 1996).  It has similarly been noted that testicular 
abnormalities have increased in recent decades, and 
might also have an environmental cause (Giwercman et 
al., 1993). Endocrine-modulating chemicals such as 
POPs are often implicated as possible culprits of male 
reproductive toxicity in the literature (Colborn et al., 
1996).  The evidence in support of POP-induced sperm 
count declines is, however, nonexistent.  There is serious 
debate as to whether a decline in sperm count has even 
occurred (Bromwich et al., 1994; Lipshultz, 1996).  
Sperm counts vary dramatically among geographic areas, 
and many of the differences originally detected were 
related to geographic location rather than to time (Fisch 
and Goluboff, 1996; Paulsen et al., 1996). 
 
 

Several studies have investigated the effect of TCDD 
exposure on testosterone and gonadotropin concentra-
tions in human serum. Testosterone concentrations were 
lower in industrial workers exposed to TCDD than in a 
reference population, while luteinizing hormone (LH) 
and follicle-stimulating hormone (FSH) concentrations 
were higher in the TCDD-exposed workers than in the 
reference population (Egeland et al., 1994). The hormone 
differences measured were of no biological significance, 
as the magnitude of the measured hormone differences 
was very small. Primary gonadal failure was not 
involved, because low testosterone and high LH and FSH 
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were not observed in the same individuals.  The workers 
in that study had rather high concentrations of TCDD in 
serum (63% had concentrations above 33.3 ppt).  
Testosterone and gonadotropins were measured in 
another group of TCDD-exposed males, the Ranch Hand 
veterans involved in herbicide application in Vietnam 
(Henriksen et al., 1996).  In that cohort TCDD body 
burdens were lower (only 26% had TCDD concentrations 
above 33.3 ppt in serum), and no consistent or 
meaningful associations between TCDD and hormone 
concentrations were found.  In a related study of the 
Ranch Hand veterans, an association between paternal 
dioxin concentrations and reproductive outcomes such as 
birth defects and developmental disabilities was not 
apparent (Wolfe et al., 1995). 
 
Several epidemiological studies of dioxin-exposed 
cohorts have documented apparent sex ratio skews in 
their offspring, with an abnormally low proportion of 
male babies born. The mechanism for a possible sex-ratio 
skew is unknown, although a modification of hormonal 
balance may be involved. A differential ovopathy 
mechanism has also been suggested (Jongbloet et al., 
2002).  A sex ratio skew was noted in the offspring of the 
Seveso population, who were exposed to high 
concentrations of TCDD following an industrial accident 
(Mocarelli et al., 1996).  High TCDD exposure in both 
parents, as measured in serum samples collected the year 
of the accident, was associated with an excess of female 
offspring. In the 74 total births occurring in the “A-zone” 
during the first 7 years after the accident, 26 were males 
and 48 were females.  This ratio declined (60 males vs 64 
females) in the years from 1985 to 1994 and was no 
longer significant.  Further study of the Seveso cohort 
revealed that the effect was associated with paternal, not 
maternal, TCDD exposure (Mocarelli et al., 2000).  
Similarly, a recent study of an occupationally-exposed 
cohort in Russia documented an excess of female 
children associated with their fathers’ exposure to 
dioxins (Ryan et al., 2003).  The sex ratio was normal in 
offspring of TCDD-exposed mothers, but for 150 fathers 
exposed to dioxins at the pesticide production plant, the 
subsequent sex ratio of offspring was 0.38 males/(total 
males + females) (the normal ratio is 0.51).  However, a 
sex ratio skew was not observed in offspring of a large 
occupationally-exposed U.S. cohort of fathers (Schnorr 
et al., 2001). 
 
Several lines of evidence point to an association between 
endometriosis and exposure to dioxin-like compounds 
(Birnbaum and Cummings, 2002). Endometriosis is 
characterized by the growth and proliferation of 
endometrial cells at sites outside the uterus, and occurs 
exclusively in menstruating species.  Both mild and 
severe forms are associated with infertility and chronic 
pain.  One study involving chronic, low-level exposure 
of rhesus monkeys to TCDD detected an elevated and 

dose-related incidence of moderate to severe 
endometriosis in monkeys from both dioxin treatment 
groups (Rier et al., 1993).  This negative outcome was 
discovered over seven years after termination of dioxin 
treatment, when several monkeys died from fulminating 
endometriosis. In the same experiment, compromised 
reproductive outcomes were observed in the high dose 
group (25 parts per trillion in food for four years) 
(Bowman et al., 1989).  Although five of eight females in 
that group conceived, only one gave birth to a viable 
infant.  Unlike dioxin, PCBs do not appear to cause 
endometriosis.  In a recent reproductive toxicology 
study, ingestion of PCB Aroclor 1254 did not increase 
the incidence or severity of endometriosis in rhesus 
monkeys (Arnold et al., 1996).  More research is needed 
to definitively determine whether dioxin exposure is a 
risk factor for endometriosis in humans (Birnbaum and 
Cummings, 2002). 
 
Reproductive outcomes in humans have been assessed 
for relationships with POP exposure.  Exposure to POPs 
was often not adequately measured in study subjects in 
these epidemiological studies (Sweeney, 1994). The 
possible relationship between fetal mortality and POP 
exposure has been examined in several studies. Many 
early resorptions occur prior to the clinical recognition of 
pregnancies, which makes it very difficult to quantify 
any early-stage mortality that might be associated with 
POP exposure. The contamination of the Michigan food 
supply with polybrominated biphenyls in the mid-1970’s 
did not have a detectable impact on the rate of late 
spontaneous abortions (after 20 weeks gestation) 
(Humble and Speizer, 1984). In New York state, 
consumption of Lake Ontario fish that contained PCBs 
and other environmental contaminants was not associated 
with an increased risk of spontaneous fetal death 
(Mendola et al., 1995). 
 
Several studies have reported an association between 
POP exposures and altered sexual maturation in pubertal 
children.  Among Yu-Cheng children exposed in utero to 
PCBs and PCDFs, girls were significantly shorter, and 
boys aged 11 to 14 had a significantly shorter penis 
length, compared to their matched controls (Guo et al., 
1993).  In Belgium, PCB exposure has been associated 
with delayed genital development in boys, while dioxin 
exposure has been associated with delayed breast 
development in girls (Hond et al., 2002).  The children in 
the Belgian study were only exposed to background POP 
levels.  Women who were exposed to TCDD as pre-
pubertal children in the Seveso, Italy industrial accident 
may have experienced altered menstrual cycles as adults.  
For women who had been pre-menarcheal at the time of 
the explosion, a 10-fold increase in serum TCDD 
concentration was associated with an increase in 
menstrual cycle length of almost 1 day (Eskenazi et al., 
2002). 
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Birth size and gestational age have also been examined 
in relation to POP exposure, because decreased prenatal 
growth has been observed in animals treated with TCDD 
(Theobald and Peterson, 1994). Small decreases in 
gestational age (6.6 days) were noted among female 
workers occupationally exposed to PCBs (Taylor et al., 
1984).  Birthweights were also reduced in infants born to 
the occupationally exposed women, but most of that 
reduction was explained by the decreased gestational 
age.  An association between PCB exposure and 
decreased infant birth weight was also observed in a 
population of women who consumed large quantities of 
Lake Michigan fish (Fein et al., 1984), but the influence 
of other chemicals present in the fish could not be 
adequately determined due to the low resolution 
analytical methodology employed. In a population in 
North Carolina with background PCB exposure, there 
was no relationship observed between PCB 
concentrations in maternal milk fat at birth and infant 
birth weight (Rogan et al., 1986). 
 
Hydroxylated PCB metabolites can disrupt thyroid 
hormone and vitamin A homeostasis, which can affect 
many aspects of metabolism and prenatal development.  
The effects of PCBs on fetal and neonatal growth and 
development may be related to thyroid regulation 
(Feeley, 1995), although the relationship between thyroid 
hormone concentrations and PCB exposure has been 
inconsistent among studies of human infants (Koopman-
Esseboom et al., 1994b; Nagayama et al., 1996; Pluim et 
al., 1993).  Hydroxylated PCB metabolites have a thyroid 
hormone-like affinity for the serum transport protein 
transthyretin  (TTR) (Cheek et al., 1999).  Transthyretin 
is involved in the transport of vitamin A (retinol) to 
target tissues, and is also a carrier of thyroid hormones.  
When hydroxylated PCBs bind to TTR, unbound vitamin 
A is cleared from the body rather than being delivered to 
target tissues, and plasma concentrations of vitamin A 
drop rapidly (Brouwer and Van Den Berg, 1986). 
Similarly, serum thyroxine (T4) plasma concentrations 
drop when hydroxylated PCBs compete with T4 for TTR 
binding (Brouwer and Van Den Berg, 1986).  Treatment 
of rats with 2,3,7,8-TCDD also induced an increased 
mobilization of retinoids from storage sites into serum, 
accompanied by an enhanced elimination via the kidney 
into the urine (Brouwer et al., 1989).  When vitamin A 
homeostasis is disturbed in this manner, vitamin A 
storage in the liver is ultimately reduced. Vitamin A 
plays an important role in reproduction, prenatal 
development, and disease resistance, and many toxic 
symptoms of PCB exposure resemble those of vitamin A 
deficiency (Murk et al., 1998). In European otters 
environmentally exposed to PCBs, otters with an internal 
dose of more than 2 ng TCDD-TEQs/g lipid had strongly 
reduced hepatic retinoid concentrations, which coincided 
with a higher incidence of infectious diseases (Murk et 
al., 1998).  Recently, some brominated flame retardant 

metabolites were found to bind to human TTR in vitro 
with greater affinity than did thyroxin (T4), suggesting 
that they may affect thyroid hormone homeostasis in vivo 
similar to hydroxylated PCBs (Meerts et al., 2000). 
 
In conclusion, exposure of humans to high levels of 
PCBs, dioxins and/or furans following industrial 
accidents or severe poisoning incidents has resulted in 
some adverse reproductive outcomes.  Skin discoloration 
and eye discharge were observed in infants born to 
women who consumed PCB- and furan-contaminated 
rice oil during the Yusho and Yu-Cheng poisoning 
incidents (Hsu et al., 1994; Masuda, 1994).  Following 
the Yu-Cheng incident in Taiwan, children exposed to 
PCBs and furans in utero exhibited increased 
abnormalities of the gums, skin, nails, teeth and lungs, as 
well as developmental delays and reduced cognitive 
function, relative to controls (Rogan et al., 1988).  Other 
adverse outcomes are less well documented but may 
have occurred following these extreme exposures, 
including increased rates of spontaneous abortion, 
stillbirths and birth defects.  On the other hand, low 
level, background exposures such as those experienced 
in the Arctic are not likely to present a significant risk to 
human reproductive outcomes. Epidemiological studies 
focused on fish-eaters or others with background POP 
exposures have not shown consistent results, and any 
effects observed have been very minor. 
 

Neurotoxicity 
 

PCB-like chemicals have caused a number of changes in 
the neurochemistry and neurobehavioral development of 
laboratory animals.  Interestingly, it appears that many of 
the neurotoxicological effects of PCBs may not be 
regulated by interaction with the Ah receptor. In fact, 
many of the neurotoxicological effects have been 
attributed to the non-Ah active PCB congeners that have 
chlorine atoms at two or more ortho positions. While 
TCDD and coplanar congeners have been observed to 
affect the nervous system, the effects are qualitatively 
and quantitatively different from those caused by PCB 
mixtures (Schantz and Widholm, 2001; Seegal and 
Schantz, 1994b). In this important respect, the 
neurotoxicity of PCBs, dioxins and related chemicals is 
quite different from other endpoints of toxicity that have 
been previously discussed. 
 
 

Feeding studies with non-human primate adults and 
rodent adults have demonstrated that ortho-substituted 
PCB congeners can cross the blood-brain barrier and 
induce changes in the concentration and activity of the 
neurotransmitter dopamine in the brain (Seegal et al., 
1991; Seegal et al., 1994). The relationship between PCB 
exposure and dopamine concentrations is complex, and 
appears to be dependent upon the magnitude of the dose, 
the age at exposure, and perhaps the composition of the 
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PCB mixture. For example, adult nonhuman primates fed 
3.2 mg Aroclor 1016/kg body weight daily for 20 weeks 
exhibited a decrease in brain dopamine (Seegal et al., 
1994), while female rats born to mothers fed 100 ppm 
Aroclor 1016 exhibited an increase in brain dopamine 
and other neurotransmitters (Seegal and Schantz, 1994b).  
Some studies with rats have shown that ortho-substituted 
PCB congeners reduce brain dopamine concentrations in 
both the adult and developing nervous systems, while 
coplanar, dioxin-like congeners are active only during 
development (Brouwer et al., 1995). It has been 
hypothesized that PCBs may cause deficits in spatial 
learning and memory by altering dopamine input to the 
dorsolateral area of the prefrontal cortex (Seegal and 
Schantz, 1994b). 
 

PCBs are also suspected of causing neurotoxic effects via 
other mechanisms.  Some ortho-substituted congeners 
cause acute neuronal cell death in cerebellar granule cells 
(Carpenter et al., 1997; Kodavanti and Tilson, 1997), 
perhaps by interfering with calcium homeostasis 
(Kodavanti et al., 1996).  Exposure of rats to PCB 153 
has also been found to reduce long-term potentiation in 
the hippocampal area of the brain, which may adversely 
affect learning ability (Hussain et al., 2000). Others 
suspect that endocrine disruption and hormonal factors 
may play an important role in PCB neurotoxicity 
(Brouwer et al., 1999; Porterfield and Hendry, 1998).  
For example, similar detriments in auditory-evoked 
potentials can be induced by fetal hypothyroidism and by 
perinatal exposure to PCB-like chemicals. In one 
important experiment, hearing deficits induced in rats 
perinatally exposed to PCBs appeared to be directly 
linked to alterations in the thyroid hormone system 
(Goldey et al., 1995). 
 

Animal behavioral studies have been undertaken to 
determine the functional significance of PCB- and 
dioxin-induced changes in the nervous system.  It is clear 
from laboratory animal studies that developmental 
exposure to PCB mixtures or ortho-substituted PCB 
congeners results in long-lasting deficits in learning and 
memory (Schantz and Widholm, 2001). Spatial learning 
and memory are particularly impaired by ortho-
substituted PCB congeners.  In contrast, animals exposed 
to dioxin or coplanar PCBs often exhibit improved 
performance on spatial learning tasks, but are impaired 
on object learning tasks (Seegal and Schantz, 1994a).  In 
general, the cognitive effects of dioxins and coplanar 
PCBs are limited in scope, with the primary effect being 
an improvement in working memory (Schantz and 
Widholm, 2001). 
 
In a series of experiments in which monkeys were 
exposed perinatally to either TCDD or PCBs, learning 
was impacted in both cases but in qualitatively different 
ways (Seegal and Schantz, 1994b).  Monkeys born to 
mothers fed 1.0 ppm Aroclor 1016 exhibited impaired 

spatial discrimination-reversal learning but facilitated 
object discrimination-reversal learning (Schantz et al., 
1989), while the exact opposite effect was observed in 
monkeys born to mothers fed 5 ppt TCDD (Bowman et 
al., 1990; Schantz and Bowman, 1989). In addition, 
monkeys born to mothers fed 2.5 ppm Aroclor 1248 
exhibited impaired performance on delayed spatial 
alternation tests at 4 to 6 years of age, although they had 
not been exposed since they were weaned at 4 months of 
age (Levin et al., 1988).  In contrast, these deficits were 
not seen in TCDD-exposed monkeys (Seegal and 
Schantz, 1994b).  
 
Clear impairments of spatial learning were also seen in 3 
to 4-year-old monkeys that had been exposed to a PCB 
mixture from birth to 20 weeks of age, which was 
formulated to represent the PCBs typically found in 
human breast milk (Rice, 1997; Rice and Hayward, 
1997).  Those results are of particular concern because 
exposure was to an environmentally relevant PCB 
mixture, and fat and blood PCB concentrations in the 
exposed monkeys were similar to those typically found 
in human populations.  Impaired spatial learning has also 
been observed in ortho PCB-exposed rats (Schantz et al., 
1995b), but not in coplanar PCB-exposed rats (Rice, 
1999; Schantz et al., 1996). Impairments in nonspatial, 
cue-based discrimination-reversal learning (object 
learning) have been observed in dioxin-exposed rats (Seo 
et al., 1999) and monkeys (Seegal and Schantz, 1994a). 
 
Recently, the developmental neurotoxicity of several 
brominated flame retardants was investigated (Eriksson 
et al., 2001). Neonatal mice were exposed to a single oral 
dose of either polybrominated diphenyl ether (PBDE) 47, 
PBDE 99, or tetrabromo-bis-phenol-A (TBBPA) on 
postnatal day 10.  The animals were then subjected to 
several neurobehavioral tests at 2 and 4 months of age.  
Exposure to TBBPA did not cause any significant change 
in performance.  However, exposure to PBDE 99, and to 
a lesser degree PBDE 47, affected spontaneous behavior, 
habituation capability, and learning and memory in adult 
mice. These effects were induced at doses similar to 
those used in PCB studies, and the animals’ weight gain 
was not affected. 
 
Several large epidemiological studies have been 
undertaken in an attempt to determine what effect PCB- 
and dioxin-like exposure may have on the neurological 
system of exposed humans. These efforts have largely 
focused on the neurological development and cognitive 
functioning of children exposed in utero to PCBs, 
dioxins and/or furans. In the Yu-Cheng poisoning 
incident in Taiwan, children that received high doses of 
heat-degraded PCBs and dibenzofurans in utero 
displayed a significant decrease in cognitive function 
when compared with matched controls (Chen et al., 
1992). Yu-Cheng children scored approximately 5 points 
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lower than controls on several standard intelligence tests, 
an effect that remained consistent during yearly tests 
from 2.5 to 7 years of age.  In contrast to the Yu-Cheng 
study of a highly exposed population, several other 
neurodevelopment studies have focused on children 
exposed to lower, background concentrations of PCBs 
and dioxins. 
 
In one series of studies, the maternal consumption of fish 
from Lake Michigan was found to be associated with 
impaired intellectual function in young children 
(Jacobson et al., 1990; Jacobson et al., 1992; Jacobson 
and Jacobson, 1996; Jacobson et al., 1985). This 
impairment was attributed to in utero exposure to PCBs 
from the fish.  The maternal consumption of fish from 
Lake Ontario was also associated with neonatal 
behavioral test deficits in offspring, although the 
causative agent in the fish was not identified (Lonky et 
al., 1995). In another study, the relationship between 
background PCB exposure and neurodevelopment was 
examined in children from North Carolina (Gladen et al., 
1988; Rogan and Gladen, 1991). Estimated prenatal 
exposures to PCBs were associated with decreased 
psychomotor scale scores at 6, 12, 18 and 24 months of 
age. 
 
Various epidemiology studies have produced 
inconsistent results regarding whether POP exposures 
from breastfeeding are associated with neurological 
deficits in children.  In both the Lake Michigan and 
North Carolina cohorts, neurological deficits were not 
associated with POP exposure from breastfeeding. In 
fact, in a small cohort from the Netherlands, perinatal 
exposure to background dioxin levels was associated 
with enhanced neuromotor maturation (Ilsen et al., 
1996).  In a large Dutch study, prenatal exposure to 
PCBs and dioxin was not associated with neurological 
development, while post-natal exposure to PCBs and 
dioxins from breast feeding was associated with reduced 
neurological optimality and hypotonia in neonates 
(Huisman et al., 1995).  However, in a follow-up study at 
42 months age, cognitive performance in the same Dutch 
children was negatively correlated with in utero PCB 
exposure, but lactational and current PCB exposures had 
no effect on cognitive functioning (Patandin et al., 1999).  
In fact, the Dutch children who were breast-fed 
performed better on cognitive tests than did their 
formula-fed counterparts, suggesting that substances in 
breast milk or factors associated with breast-feeding may 
have counteracted any negative influence of prenatal 
PCB exposure on cognitive development (Patandin et al., 
1999).  A study of 171 mother-infant pairs in Germany 
found that prenatal PCB exposure, and to a lesser extent 
postnatal PCB exposure through breastfeeding, both had 
a negative impact on mental and motor development 
between 7 and 42 months of age (Walkowiak et al., 
2001).  However, the quality of the home environment 

had a stronger effect on neurodevelopment than did PCB 
exposure, such that the positive impact of a quality home 
environment could counteract the slight negative effects 
attributed to neonatal PCB exposure.  
 
Although the developing fetus is most sensitive to the 
neurological effects of PCBs, other people may also be at 
risk of adverse effects.  In a recentudy of older, frequent 
Great Lakes fish consumers, PCB exposure during 
adulthood was associated with impairments of certain 
aspects of memory and learning (Schantz et al., 2001).  
Other contaminants in the fish, including DDE, mercury, 
and lead, did not appear to have any negative impact on 
cognitive functioning. 
 
Interestingly, in another cohort exposed to multiple 
contaminants through seafood consumption, PCBs were 
not found to be the principle contaminant correlated with 
observed neurobehavioral deficits.  In a study of 7-year-
old children from the Faroe Islands, prenatal exposure to 
methylmercury was more strongly associated with 
neurobehavioral decrements than was prenatal exposure 
to PCBs (Grandjean et al., 2001). However, the 
researchers found that PCBs might possibly augment the 
slight neurobehavioral deficits seen at increased levels of 
methylmercury exposure.  Similarly, in a separate cohort 
from the Faroe Islands, increased methylmercury 
exposures were associated with slightly decreased 
neurologic optimality scores in neonates, while PCB 
exposures had no effect (Steuerwald et al., 2000). 
 

 
Epidemiological studies that explore the relationships 
between neurological development and PCB exposure 
must be evaluated with a great deal of caution 
(Kimbrough, 1997).  Most of the studies performed to 
date have had methodological problems. In the Lake 
Michigan and North Carolina studies, the quantitation of 
PCB exposure was weak.  Although maternal serum, 
cord blood and breast milk were collected in these 
studies, analytical data were not available for many 
samples and PCB concentrations were often estimated.  
Analytical methods were crude (low resolution packed-
column chromatography), individual congeners were not 
quantified, and detection limits were too high to enable 
quantification of the trace concentrations of PCBs 
present in many samples.  In these early studies the lipid 
content of serum was not considered when PCB 
concentrations were evaluated, although this is an 
important determinant of PCB concentrations in 
biological tissues (Phillips et al., 1989).  Variability of 
quantitation at low concentrations of PCBs is a 
fundamental problem in the early studies, and the small 
differences of PCB concentration measured (or merely 
estimated!) were probably meaningless (Kimbrough, 
1997).  The Lake Michigan study was further weakened 
by an inadequate explanation of methodology, possible 
selection bias, and inadequate control of possible 
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confounding factors (Middaugh and Egeland, 1997).  
Another problem common to most of the epidemiological 
studies was the inability to rule out the influence of other 
chemicals or environmental factors that might have been 
correlated with exposure to PCBs. 
 
In conclusion, the epidemiological evidence for 
neurodevelopmental toxicity following background 
exposure to PCBs or dioxins is weak.  The weight of the 
evidence suggests that exposure to low levels of PCBs or 
dioxins (or an environmental correlate) might possibly be 
associated with a slight detriment to neurological 
development in infants, but due to the methodological 
difficulties inherent to epidemiological studies this link 
may never be conclusively demonstrated. Severe 
neurological effects have never been observed in 
children in any epidemiological study that has 
investigated POP exposures at levels comparable to those 
encountered by Alaskans through the marine food chain.  
Furthermore, several factors have been found to have a 
positive effect on cognitive development that can 
outweigh any slight negative influence of PCB exposure, 
including the healthful practice of breastfeeding and the 
provision of a positive, nurturing home environment.  
 

Epidemiological Studies related to Human Health and 
PCBs in the Arctic 
 
There is concern for the welfare of humans that consume 
large quantities of animals from the top of aquatic food 
chains, due to their potential exposure to PCBs and other 
bioaccumulative contaminants. Some indigenous peoples 
from the Arctic consume large quantities of fish and/or 
marine mammals, and these organisms have the potential 
to bioaccumulate organic contaminants. Few major 
environmental epidemiological studies have been 
conducted to assess possible human health effects of 
POPs in the Arctic specifically. This is due to logistical 
difficulties such as the climate, small population sizes, 
the remoteness of communities, confounding social and 
behavioral factors, and the difficulty of extrapolating 
Western scientific methods to unique Arctic cultures.  
However, several smaller-scale studies have been 
conducted to assess the human health implications of 
PCBs and dioxins in the arctic environment; these are 
presented below. 
 
Breast Cancer 
 

A recent study conducted by the Centers for Disease 
Control, the Alaska Native Health Board and the Alaska 
Area Native Health Service determined the concen-
trations of PCBs and other organochlorines in the serum 
of 126 Alaska Native women (Rubin et al., 1997).  The 
concentrations of environmental chemicals found in the 
serum of breast cancer patients were compared with the 
concentrations observed in women without breast cancer.  

The mean year of serum collection was 1985, and the 
serum was banked 3-8 years prior to breast cancer 
diagnosis.  The mean serum concentration of PCBs found 
in the 126 women was 4.6 parts per billion (ppb), with 
17.7 ppb being the highest individual value. After 
accounting for other risk factors for breast cancer in 
Alaska Natives, no relationships between breast cancer 
incidence and exposure to environmental chemicals were 
observed in this study. This study was an excellent 
preliminary effort to examine possible relationships 
between exposure to organochlorines and disease 
incidence in Alaskans, and more research is needed in 
this area. 
 

Immune System Function 
 

The relationship between organochlorine exposure and 
infectious disease incidence was investigated in Inuit 
infants from Nunavik (Arctic Quebec) (Dewailly et al., 
2000). The occurrence of selected infectious diseases 
was documented during the first year of life for 171 
participating newborns. Organochlorine analysis (10 
PCB congeners and 8 pesticides) was performed on 
breast milk early in lactation for 94 of those infants, as a 
measure of prenatal exposure. Breastfeeding was a 
protective risk factor for several diseases in this study, as 
the 98 breast-fed infants experienced fewer episodes of 
several infectious diseases during the first year of life 
than did the 73 bottle-fed infants.  This is consistent with 
a large body of scientific evidence documenting the 
protection breastfeeding provides against infection 
(Oddy, 2001). 
 
While the research did not show an association between 
PCB exposure and infectious disease, the researchers did 
report a greater relative risk of acute otitis media (middle 
ear infection) in infants with higher prenatal exposures to 
several other organochlorines (the pesticides hexachlo-
robenzene, DDE and dieldrin) (Dewailly et al., 2000).  
However, several important methodological problems 
with the study make it inadvisable to place too much 
weight on these findings. Most importantly, the 
researchers failed to control for critical confounding 
factors, especially smoking. The study did not collect any 
information on maternal smoking, despite the fact that 
smoking is a very important risk factor for otitis media in 
children (Stathis et al., 1999). Other methodological 
issues included inadequate diagnostic criteria for acute 
otitis media, and likely inconsistencies in disease 
diagnosis among multiple practitioners. 
 

Cytochrome P450-1A1 enzyme activity 
 

Cytochrome P450-1A1 (CYP1A1) activity is increased 
following exposure to PCBs or dioxins. CYP1A1-
mediated ethoxyresorufin o-deethylase (EROD) activity 
is a convenient and sensitive biomarker often used to 
assess whether PCB or dioxin exposure is affecting 
biochemical function (Safe, 1990). Placenta collected 
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from Inuit women giving birth in Arctic Quebec in 1995 
did not exhibit PCB- or dioxin-mediated elevated EROD 
activity in comparison to women from Southern Quebec 
(Ayotte, 1996).  Elevation of EROD activity is a 
sensitive subclinical response to PCB or dioxin exposure, 
and the fact that the “PCB body burden of Inuit women 
may not be high enough to induce EROD activity” 
indicates that their PCB/dioxin exposure has not been 
extreme, and is of limited biological significance.  
Interestingly, elevated EROD activity was observed in 
some women from both Arctic and southern Quebec, and 
that response was directly attributable to maternal 
cigarette smoking.  Similar results have been seen in two 
subsequent studies involving newborns from Nunavik 
(Arctic Québec), in which PCB body burden did not 
significantly influence placental CYP1A1 activity 
(Lagueux et al., 1999) (Pereg et al., 2002).  In both 
studies, smoking during pregnancy emerged as the major 
modulating factor for placental CYP1A1 activity. 
 
Thyroid hormone status in newborns 
 
A recent study examined the relationship between 
thyroid hormone status and exposure to 
pentachlorophenol and hydroxylated PCB metabolites in 
newborns, in two Canadian subsistence populations 
compared to southern Quebec (Sandau et al., 2002).  
When individual chemical residue data from umbilical 
cord plasma were compared to thyroid hormone markers, 
only pentachlorophenol was negatively correlated to T3, 
free T4, and thyroxine-binding globulin concentrations.  
It is unknown whether the observed decreases of these 
thyroid hormone markers are of functional biological 
significance, or if the decreases were actually caused by 
pentachlorophenol. 
 

Governmental Agency Guidelines 

Daily Intake-Based Guidelines 
 

There are wide variations in the consumption guidelines 
developed for PCBs, dioxins and related chemicals 
among different governmental organizations. These 
variations reflect the scientific uncertainties and ongoing 
controversy of PCB/dioxin toxicity at very low levels of 
exposure, and the different methods and assumptions 
used during the risk assessment process. Various 
governmental agencies have established threshold 
exposure values, below which no adverse health effects 
would be expected to occur.  These values are based on 
average daily intake levels, and have different names 
such as “Minimal Risk Level” (U.S. ATSDR), 
“Reference Dose” (U.S. EPA), and “Tolerable Daily 
Intake” (European countries; Canada).  The daily intake 
guidelines for PCBs, Dioxin Equivalents and PBDEs in 
several countries are presented in Tables 6a, 6b and 6c, 
respectively.  

Differences among daily intake guidelines are illustrated 
by comparing the risk levels established in the United 
States and Canada (Table 6a).  The Canadian Tolerable 
Daily Intake of PCBs is 1 µg/kg-bw/d (Kuhnlein, 1995).  
This value is fifty-fold higher (less conservative) than the 
U.S. EPA reference dose of 0.02 µg/kg-bw/d, but still 
incorporates a 5-fold safety factor above the lowest 
observed adverse effect level for PCBs from animal 
studies (ocular effects and distorted nail growth in 
monkeys). Some of this difference reflects the 
conservative, risk-based approach of the U.S. EPA, 
versus the balanced risk/benefit approach of Health 
Canada. 
 
Differences in governmental agency guidelines are 
generally less dramatic for dioxin equivalents.  There is a 
ten-fold difference between the U.S. ATSDR Minimal 
Risk Level (1 pg/kg-bw/day) (US ATSDR, 2000) and the 
Health Canada Tolerable Daily Intake (10 pg/kg-bw/day) 
(Health Canada, 1996), with the levels established by 
Japan and European countries generally falling in 
between those two extremes (European Commission, 
2001; Johansson and Hanberg, 2000; Ministerial Council 
on Dioxin Policy, 1999; World Health Organization, 
2001) (Table 6b).  However, the U.S. EPA is working to 
reassess the risk of dioxins, and their calculations have 
produced a theoretical reference dose that is 100 to 1,000 
times lower than current background exposure levels 
(which are currently approximately 0.5 – 1.0 pg/kg-
bw/day) (USEPA, 2000a).  The U.S. EPA has not yet set 
a reference dose for dioxin, but it appears that if they do, 
it may be orders of magnitude more conservative than 
those established by other countries. 
 
In order to determine the non-carcinogenic risks 
associated with PCB exposure, the U.S. EPA considered 
a large body of literature related to chronic, develop-
mental, immunological and neurobehavioral toxicity 
from human epidemiological and animal studies.  Risk 
calculations were performed using data from the 
strongest studies that showed effects at the lowest doses.  
The analysis was ultimately based on data from a study 
in which adult female monkeys were fed low doses of 
PCB (Aroclor 1254) over a long period of time (ongoing; 
over 4 years).  At the lowest dose tested, 0.005 mg/kg-
bw/day, subtle ocular effects were observed such as eye 
exudate, inflammation and/or prominence of the eyelid. 
The monkeys also exhibited changes in finger and toe 
nails, and some changes in immunological parameters 
were observed such as decreased IgG and IgM 
concentrations (IRIS, 1996). 
 
To calculate the daily reference dose that is likely to be 
without an appreciable risk of deleterious effects during a 
lifetime, this lowest observable adverse effect level 
(LOAEL) of 0.005 mg/kg-bw/day was divided by a 
safety factor of 300.  This safety factor included a factor 
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of ten to protect the most sensitive members of the 
population, and three factors of 3 to account for 
uncertainties associated with (1) the extrapolation of data 
from monkeys to humans, (2) from subchronic toxicity to 
lifetime chronic exposure, and (3) the fact that a LOAEL 
was used instead of a NOAEL (no observable adverse 
effect level). By this conservative approach, an oral 
reference dose (RfD) of 2 x 10-5 mg/kg-bw/day was 
derived. 
 
When a chemical is associated with both carcinogenic 
and non-carcinogenic health effects, the USEPA 
conducts two separate risk assessments based on the two 
types of endpoints (USEPA, 1994).  Both types of risk 
assessments have been performed by the USEPA for 
PCBs.  The USEPA’s risk assessment of carcinogenicity 
was based on studies with rats treated with high doses of 
the commercial PCB mixture Aroclor 1260 (25 to 
100 ppm). For PCBs, the carcinogenic endpoint was 
calculated to be more sensitive than chronic systemic 
endpoints such as reproductive, developmental and 
immunological health. The reason why the carcinogenic 
endpoint turned out to be the most sensitive is that the 
USEPA uses a very conservative method to calculate the 
risks posed by environmental carcinogens. With their 
approach, it is assumed that there is no threshold below 
which an increased cancer risk does not occur.  
Extrapolation of effects from high-dose laboratory 
studies to low environmental levels is based on a 
linearized multistage no-threshold model.  This approach 
has been widely criticized because it is unrealistically 
conservative and fails to take evidence of thresholds for 
carcinogenic endpoints into account, particularly for 
chemicals that act through a promotion mechanism such 
as PCBs and dioxins (Ames et al., 1987; Covello and 
Merkhofer, 1993; Hanson, 1991; Shu et al., 1987).  For 
the carcinogenic endpoint, the USEPA has adopted a 
high risk and persistence upper-bound slope factor of 2.0 
per (mg/kg)/day for PCBs (IRIS, 1996). The USEPA 
concedes that this slope factor drives a currently 
recommended seafood screening value for PCBs that 
“will result in widespread exceedance in waterbodies 
throughout the country and will drive virtually all fish 
and shellfish contaminant monitoring programs into the 
risk assessment phase for PCBs” (USEPA, 1995). 
 
In our opinion, a risk assessment for PCBs and dioxins 
based on chronic systemic endpoints such as 
reproductive, developmental and immunological health is 
more appropriate than a risk assessment based on a 
carcinogenic end point, because the chronic end point 
risk assessment has a stronger foundation of scientific 
evidence behind it. Animal cancer studies were 
performed at high doses, at which the mechanisms of 
carcinogenicity may have involved cell proliferation as a 
result of cellular toxicity.  This mechanism of toxicity 
would not be applicable to low-dose exposures.  

Furthermore, the linearized multistage no-threshold 
model used for extrapolation is inappropriate for use in 
PCB or dioxin risk assessment.  The USEPA’s focus on 
carcinogenicity as the most sensitive endpoint for PCBs 
and dioxins is not in accordance with human 
epidemiological evidence or laboratory animal studies, 
which both suggest that developmental and 
immunological deficits may occur at lower PCB or 
dioxin doses than does cancer (DeVito et al., 1995; 
Hanson, 1991). Therefore, for the remainder of this paper 
our risk assessment will focus on chronic systemic health 
endpoints of PCB/dioxin exposure, using a very 
conservative approach with a large margin of safety. 
 
 

Guidelines for Fish Advisories  
 

Individual states usually assume primary responsibility 
for establishing fish consumption advice for recreational 
and subsistence-caught fish within their boundaries.  The 
U.S. EPA has published fish consumption guidelines 
based on contaminant concentrations, as a tool for states 
working to establish their criteria (USEPA, 1994). 
Guidelines for fish consumption vary widely from state 
to state, due to uncertainties of PCB- and dioxin-
associated health effects, differences in risk assessment 
methods, and varying social, political and economic 
factors that contribute to risk management decisions. For 
large bodies of water that border multiple states and 
countries, such as the Great Lakes of North America, 
several different and conflicting fish advisories may be in 
force simultaneously (Kamrin and Fischer, 1999).  
Guidelines for fish consumption based on PCB 
concentrations can span several orders of magnitude, as 
illustrated in Table 7.  Fish advisories are informational 
rather than regulatory, such that compliance with them is 
voluntary. 
 
 

The U.S. FDA has established regulations for the 
maximum allowable PCB concentrations in edible 
portions of food in commerce, called “Tolerances”. In 
contrast with fish advisories, U.S. FDA Tolerances carry 
the force of law, and prohibit the sale of food items that 
exceed those concentrations. The maximum allowable 
concentrations vary by food type, as shown in Table 8.  
The U.S. FDA has also established guidelines for dioxin 
content in fish; these guidelines are not formal tolerances 
that carry the force of law.  The U.S. FDA guidelines 
state that no serious health effects are expected following 
consumption of fish with less than 25 parts per trillion 
(ppt) 2,3,7,8-TCDD, while fish with 2,3,7,8-TCDD 
concentrations greater than 50 ppt should not be 
consumed (ATSDR, 2003). 
 

 
 

Dietary Intake/Risk Assessment 
 
For the present purpose, risk assessment involves the 
consideration of toxicity, exposure scenarios and 

25 



Risks in Perspective - PCBs 

chemical concentration data in order to evaluate the 
safety of subsistence food consumption. When 
developing consumption-oriented recommendations for 
public health purposes, it is also critical to evaluate the 
beneficial aspects of traditional food consumption.  
These include physical health benefits such as an 
apparent reduced risk of heart disease due to the omega-3 
polyunsaturated fatty acids found in fish and marine 
mammals, as well as the benefits of exercise associated 
with the harvest of traditional foods. There are also 
important social and cultural benefits associated with the 
harvest, sharing and consumption of traditional foods 
(Usher et al., 1995). 

In addition, it is important to perform a relative risk 
assessment between traditional foods and the market 
foods that would replace them in the Alaskan Native diet.  
For example, risks associated with trace contaminants in 
traditional foods should be compared against the risks 
associated with a reduced nutrient intake or an increased 
intake of saturated fats associated with market food 
consumption.  Market foods also contain trace levels of 
contaminants, and their risks should be factored into any 
relative risk assessment. A nutritional study has 
demonstrated the superior nutritional quality of 
traditional foods in the Alaskan Native diet, and these 
foods were hypothesized to play a protective role against 
chronic diseases in the Alaskan Native population 
(Nobmann et al., 1992). Since concentrations of coplanar 
PCBs, dioxins and furans are poorly characterized in 
Alaskan subsistence foods, the following risk assessment 
will focus on the summed PCB congener data that is 
available. 
 
We performed a conservative risk assessment using US 
EPA methodology to calculate the “maximum allowable 
daily fish consumption”, based on PCB concentrations in 
Alaska salmon from Table 3.  These calculations are for 
discussion purposes only, and should not be interpreted 
as our actual advice since they do not take the benefits of 
traditional food consumption into account.  Also, the 
calculations are based on limited fish data, which are not 
sufficient to represent the state as a whole.  To perform 
the calculations, the US EPA Reference Dose (RfD) was 
used in the following equation: 
 
CRlim = [RfD • BW] / Cm  
 
where 
 
CRlim = maximum allowable daily consumption rate of 
the fish species (kg/d)  
RfD = reference dose 
BW = consumer body weight (kg)  
Cm = measured concentration of contaminant m 
(mg/kg) 
 

A body weight of 70 kg was used in our calculations, 
which is the average weight of an adult male. 
 
Figure 5 illustrates the calculated daily consumption 
limits that would result for the freshwater fish species 
from Schrader Lake, Alaska, based on the analysis of 
samples collected in 1992 (Wilson et al., 1995), and for 
chinook and chum salmon from the Yukon-Kuskokwim 
region (USFWS, unpublished data). Dietary surveys have 
revealed that Native Alaskan adults consume an average 
of 4 ounces of fish and shellfish daily, which is six times 
greater than the U.S. national average (Nobmann et al., 
1992).  The concentrations of PCBs in Y-K salmon and 
in Schrader Lake fish are so low that they are very safe to 
eat, even at the high rates of consumption typical for 
rural Alaskan communities. 
 
The recent data available for Alaskan marine mammal 
tissue concentrations (Table 3) were also subjected to a 
risk assessment. In this analysis we focused on the 
consumption of blubber, as this tissue contains the 
highest concentration of PCB-like compounds. This is an 
overly conservative approach, because marine mammal 
blubber is often not eaten in isolation, but as “maktak”, a 
combination of blubber and epidermis with lower 
concentrations of lipophilic contaminants (Todd O’Hara, 
personal communication). 
 
Since marine mammal tissue is consumed by Alaskan 
Natives much less frequently than are fish or shellfish 
(Nobmann, 1989), a maximum monthly consumption 
limit was calculated rather than a daily consumption 
limit. The monthly consumption quantity of Alaskan 
marine mammal blubber deemed safe by U.S. EPA 
standards was quite low. We compared the U.S. EPA risk 
assessment method with the PCB intake standard utilized 
in Canada (Figure 6). The Canadian Tolerable Daily 
Intake of PCBs is 1 µg/kg/d (Kuhnlein, 1995).  This 
value is fifty-fold higher (less conservative) than the 
USEPA reference dose of 0.02 µg/kg/d, but still 
incorporates a 5-fold safety factor above the lowest 
observed adverse effect level for PCBs from animal 
studies (ocular effects and distorted nail growth in 
monkeys).  These results demonstrate how dramatically 
the risk assessments performed by different 
governmental agencies can vary, and how relevant these 
differences are to Native Alaskan subsistence food safety 
issues.  Using the Canadian guidelines, which we feel 
incorporate a reasonable consideration of both risks and 
benefits, it is apparent that most blubber from Alaskan 
marine mammals can be safely consumed in large 
quantities. 
 
It is important to keep a relative perspective on the 
concentrations of PCBs found in Alaskan fish and marine 
mammals.  The concentration of PCBs found in Alaskan 
beluga whale blubber was similar to the PCB 
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concentration found in Steelhead trout from the Manistee 
River, Michigan in 1990, while concentrations of PCBs 
in blubber from other Alaskan marine mammals were 
often similar to or below the concentrations found in fish 
from the Great Lakes (Table 9).  PCB concentrations are 
far lower in blubber from baleen whales, such as the gray 
whale and bowhead whale, than in blubber from toothed 
whales such as the beluga (Tables 3 and 4).  In a survey 
of PCB concentrations in sediments and liver of bottom-
feeding fish from bays of the U.S. West Coast, fish from 
Alaska and Oregon were significantly less contaminated 
than fish from California and Washington (Varanasi et 
al., 1989).  PCB concentrations in chinook and chum 
salmon from the Yukon and Kuskokwim were far lower 
than those observed in more industrialized parts of the 
world, and appear to reflect the remote, nearly industry-
free environment of Alaska (Figure 2).  
 
Blubber PCB concentrations of most marine mammals in 
Alaska are far lower than the PCB concentrations found 
in blubber of long-finned pilot whales hunted near the 
Faroe Islands. Mean PCB concentrations (total PCBs 
quantified by Aroclor matching) in the blubber of 53 
Faroe Islands long-finned pilot whales harvested in 1986 
were 20 ppm (20,000 ng/g) wet weight (Simmonds et al., 
1994).  Mean DDE concentrations in the blubber (12 
ppm wet weight) (Simmonds et al., 1994) and mean 
methylmercury concentrations in various tissues 
(Julshamn et al., 1987) were also elevated in long-finned 
pilot whales from the Faroe Islands.  Pilot whale tissue is 
commonly consumed by the people of the Faroe Islands, 
and several major health studies have been conducted 
there to look for possible contaminant-related health 
effects. In that population, prenatal methylmercury 
exposure was more closely related to the slight 
neurobehavioral deficits reported than was prenatal PCB 
exposure (Grandjean et al., 2001). However, the 
researchers found that PCBs might possibly augment the 
neurobehavioral deficits seen at increased levels of 
methylmercury exposure.  Similarly, in a separate cohort 
from the Faroe Islands, increased methylmercury 
exposures were associated with decreased neurologic 
optimality scores in neonates, while PCB exposures had 
no effect (Steuerwald et al., 2000).  These studies are 
interesting, because they probably present a “worst-case” 
scenario for any possible health risks associated with 
subsistence food consumption in Alaska. Interested 
readers are referred to this monograph’s Methylmercury 
chapter for additional information regarding the Faroe 
Islands studies.  
 
Another research group investigated the comparative 
risks and benefits of traditional native diets in Canada.  
Their approach focused on a documentation of dietary 
intake, complemented by detailed chemical analysis of 
traditional food items for their content of both nutrients 
and environmental contaminants. A community in the 

Baffin Islands was chosen as a sentinel population for 
study, due to a heavy reliance on marine species 
consumption by the inhabitants. 
 
In an initial study of the community on Broughton Island 
(Kinloch and Kuhnlein, 1988), the average daily intake 
of PCBs (as summed congeners) was calculated to be 
74 µg/day per individual. Although PCB concentrations 
were low in most food items, marine mammal blubber 
and skin was found to contain over 1 ppm PCBs.  
Consumption of various food items and dietary PCB 
intake were found to vary seasonally.  No correlations 
were observed between calculated PCB intakes based on 
food consumption and actual PCB blood concentrations 
in individuals.  Similar results were obtained in another 
recent study of the Canadian Inuit, in which traditional 
food intake during pregnancy was unrelated to PCB body 
burden (Muckle et al., 2001).  PCB body burden is most 
closely associated with lifetime consumption patterns, so 
temporary dietary changes during pregnancy may not 
have much impact on prenatal PCB exposure levels. 
 
Interestingly, in the 1985 study, three of four breast milk 
samples contained PCBs within the same range reported 
for average southern Canadian women (13, 16 and 19 
ppb PCBs in whole milk, in comparison to the southern 
Canadian average of 15.9 ppb PCBs in whole milk) 
(Kinloch and Kuhnlein, 1988). A breast milk sample 
from a fourth Inuit woman contained 69 ppb PCBs in 
whole milk, which was above the Canadian ‘tolerable 
level’ of 50 ppb PCBs in whole milk.  A larger followup 
study (Kinloch et al., 1992) documented the substantial 
nutritive value of traditional foods in the Inuit 
community. 
 

Although marine mammal blubber samples were found 
to contain the greatest PCB concentrations among the 
traditional foods studied, blubber was also documented 
to be an excellent and important source of retinol and 
omega-3 fatty acids for the Inuit diet. A balanced 
approach was urged toward the assessment of traditional 
food safety.  Health risks might well be associated with a 
decreased reliance on traditional foods in native 
communities and a concomitant decline in nutritional 
status. 
 

Results from the above community on Broughton Island 
should not be extrapolated to represent the Canadian 
indigenous situation in general, or the situation in 
Alaska.  The Broughton Island community was non-
randomly selected from harvest data as a population with 
a relatively high risk of PCB contamination, and was 
intended to represent a worst-case scenario among the 
Inuit (Kinloch and Kuhnlein, 1988). Organochlorine 
exposure in the Broughton Island Inuit has been 
compared with that of two Sahtu Dene/Metis 
communities from western Canada that relied heavily on 
traditional foods from a terrestrial food chain (Kuhnlein 
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et al., 1995; Kuhnlein, 1995). Exposure to PCBs and 
other organochlorines was found to be very low in the 
Sahtu Dene/Metis, and no traditional food item of the 
Sahtu Dene/Metis was found to contain over 0.1 ppm 
PCBs. Traditional foods of the Sahtu Dene/Metis 
contained an abundant supply of many nutrients, and 
contributed much more protein, iron, zinc, magnesium 
and copper to the diet than did market foods (Kuhnlein, 
1995).  
 

It should not be assumed that dietary intake of PCBs is 
elevated in Native Alaskan communities. Rather, 
research is needed to determine PCB exposure levels in 
Alaskan communities before risks can be assessed.  
Community-specific dietary intake levels, contaminant 
concentrations in traditional foods, and human bio-
monitoring data would be very useful to determine the 
percent contribution of various foods to total human 
exposure levels. This information would be useful to 
develop optimal consumption advice.  This approach has 
been very successful in Canada, where extended 
contaminants research was conducted over the course of 
a decade under the Northern Contaminants Program (Van 
Oostdam et al., 1999). 
 

Concentrations of PCBs, Dioxins and Related 
Chemicals in Humans – Status and Trends 

PCB, Dioxin and Furan Concentrations in Alaskans 
 
Information about POP concentrations in Alaskans has 
increased substantially since our original monograph was 
published in 1998.  Two major investigations of serum 
organochlorine concentrations in Alaskans have been 
completed, while a third is ongoing.  The Centers for 
Disease Control and Prevention (CDC), the National 
Cancer Institute, and the Indian Health Service 
collaborated with the Alaska Area Native Health Service 
to analyze PCBs and pesticides in 131 banked serum 
samples from Alaska Native women (Rubin et al., 2001).  
In 1999, the Alaska Division of Public Health and the 
CDC collaborated to provide serum PCB and 
organochlorine pesticide testing to 166 adult participants 
from five Aleutian and Pribilof Island Villages (Alaska 
Division of Public Health, 2001). Samples from the three 
Aleutian Island villages were also analyzed for dioxins, 
furans and coplanar PCBs.  In a large ongoing study, the 
Alaska Native Tribal Health Consortium and the CDC 
are collaborating with a number of other agencies to 
monitor contaminant exposures in pregnant women from 
several Alaskan villages, as well as contaminant 
exposures and health outcomes in their newborn babies.  
The CDC’s National Center for Environmental Health 
provided analytical laboratory services for all three 
projects, so analytical methodology and data quality were 
both state-of-the-art and comparable. 

Serum PCB results for comparable sub-populations were 
similar among the three Alaskan studies. For example, 
the arithmetic mean total PCB concentration in Alaska 
Native women (mean age 57 years old) from the serum 
bank study was 7.56 ppb, while the mean total PCB 
concentration in Aleutian/Pribilof volunteers (mean age 
49 years old) was 7.69 ppb. In the Aleutian/Pribilof 
Islands exposure assessment, women of childbearing age 
had an average total PCB serum concentration of 2.9 
ppb, while pregnant women in the ANTHC study had an 
average total PCB serum concentration of 1.29 ppb in 
Bethel and 0.77 ppb in Barrow (Dr. Jim Berner 2002, 
personal communication).  Serum PCB concentrations in 
Aleutian/Pribilof women of childbearing age were also 
similar to maternal plasma PCB concentrations from 
other arctic countries (AMAP, 1998) (Figure 7). 
 
Age- and sex-related differences were observed in PCB 
concentrations among Aleutian/Pribilof Island partici-
pants. PCB concentrations were strongly associated with 
age, with higher PCB concentrations observed among 
older participants. In most age groups, PCB 
concentrations were higher in male participants than in 
female participants (Figure 8). Serum PCB concen-
trations were low in women of childbearing age relative 
to the older persons sampled (Figure 9). Since the 
developing fetus is the most sensitive member of the 
human population to the adverse health effects of PCBs, 
it is most important to minimize PCB exposures in 
women who are or may become pregnant. 
 
The CDC has recently published national reference range 
data for individual PCB, dioxin and furan congeners 
(CDC, 2003). In 1999-2000, the serum of over 1200 
randomly-selected American adults was collected and 
analyzed. These NHANES results are challenging to 
compare with many studies, because they are only 
presented as selected percentiles for individual congeners 
on a lipid-adjusted basis.  Many PCB, dioxin and furan 
congeners were not detected in the national NHANES 
sample, so no numbers are available for them with which 
to perform comparative calculations.  We were able to 
compare the NHANES data to our Aleutian/Pribilof data 
for eight non-planar PCB congeners (Table 10).  Results 
varied among congeners, but PCB concentrations were 
consistently higher in the Aleutian/Pribilof data relative 
to the national reference data.  This was to be expected, 
because Alaska Natives consume far more fish than the 
national average (Nobmann et al., 1992).  We were also 
able to compare the NHANES data to our 
Aleutian/Pribilof data for two dioxin congeners, one 
furan congener, and two coplanar PCB congeners 
(Table 11). Results varied among congeners, but in 
general the national data and Aleutian/Pribilof data were 
similar for these dioxin-like chemicals. In general, PCB 
concentrations in Aleutian/Pribilof volunteers were 
similar to those of Great Lakes fish consumers, while 
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average dioxin, furan and coplanar PCB concentrations 
in Aleutian/Pribilof volunteers were about half those 
found in Great Lakes fish consumers (Anderson et al., 
1998; Humphrey et al., 2000) (Table 12). 
 

PCB, Dioxin and Furan Concentrations in Canadians 
 

Inuit communities from Arctic Quebec have a heavy 
reliance on marine species consumption, and their 
exposure to POPs has been investigated.  In one study, 
breast milk fat from the Inuit women of east Hudson Bay 
contained an average of 1 ppm PCBs (as summed 
congeners), which was similar to the PCB concentration 
found in beluga blubber from the region (Dewailly et al., 
1993). Average concentrations of PCBs in breast milk fat 
of Inuit women were 6.7 times higher than PCB 
concentrations found in breast milk fat of 96 Caucasian 
women from southern Quebec, when expressed as 
summed PCB congeners (Dewailly et al., 1993). 
 
Comparisons between Arctic and southern Quebec have 
also been made for dioxin, furan and coplanar PCB 
concentrations in breast milk.  The data were expressed 
as TCDD-equivalents for the dioxins, furans and non-
ortho PCB congeners measured (Dewailly et al., 1992; 
Dewailly et al., 1994b).  The Toxic Equivalency Factors 
used to calculate TCDD-equivalents (TEQs) have been 
updated since those papers were published.  When the 
most current TEFs from the World Health Organization 
are used (Van den Berg et al., 1998), the average TEQs 
in Inuit and Caucasian breast milk fat were 52 and 26 
ppt, respectively: a 2-fold difference (Dewailly et al., 
1992). 
 
Although PCB exposure was greater in Inuit women 
relative to Caucasian women, differences in exposure to 
polychlorinated dioxins and furans were slight between 
the two populations.  The results demonstrate how data 
interpretations and study conclusions can vary based 
upon the type of POP analysis chosen.   
 
The results of the above study were interpreted by the 
investigators to evidence a “surprisingly high organo-
chlorine body burden” (Dewailly et al., 1993) in Inuit 
women, as a result of receipt of “an unusually high dose 
of dioxin-like compounds through their traditional diet” 
(Ayotte et al., 1996).  In fact, the degree of elevation of 
PCB- and dioxin-like concentrations in the Inuit was 
overstated.  The average concentrations of PCBs reported 
in milk fat of these Inuit women (1 ppm expressed as 
summed congeners) were not elevated above the 
background concentrations found in human milk fat in 
industrial countries throughout the world, which 
averaged 0.5 to 1.5 ppm PCBs (Jensen, 1991). When 
expressed as total TEQs using the most recent TEFs (Van 
den Berg et al., 1998), the concentrations of dioxin-like 
chemicals were similar in Canadian Inuit breast milk fat 

and in background breast milk fat from women in the 
Netherlands (52 ppt and 54 ppt respectively, Figure 10) 
(Dewailly et al., 1992; Koopman-Esseboom et al., 
1994a). 
 

Time Trends for POP Concentrations in Humans 
 
PCB concentrations in humans around the world are 
declining. Declining PCB concentrations have been 
observed at lower latitudes for over a decade (Schade 
and Heinzow, 1998; Tee et al., 2003), and are now being 
documented in the Arctic as well. Total PCB 
concentrations have dropped precipitously in human 
breast milk in Sweden during the past 30 years (Noren 
and Meironyte, 2000) (Figure 11). Steady declines in 
concentrations of PCBs and organochlorine pesticides 
have been observed in human infants from an eastern 
arctic Canadian community from 1993 to 2000 (Dallaire 
et al., 2002) (Figure 12). The reason for the 
organochlorine decline in umbilical cord blood was not 
determined, but a decline in maternal fish consumption 
was unlikely, as omega-3 fatty acid concentrations in 
cord blood declined only slightly over time. Declining 
organochlorine concentrations in umbilical cord blood 
were hypothesized to be due to lower PCB 
concentrations in traditional food species, or perhaps by 
modified consumption of seabird eggs (the community’s 
principle source of organochlorine exposure).  Continued 
human biomonitoring in Alaska is needed to assess our 
long-term exposure trends. 
 
In contrast to PCBs, which are declining in humans, 
polybrominated diphenyl ether (PBDE) concentrations 
are increasing exponentially in some sampled 
populations. For example, total PBDEs increased 
exponentially in Swedish breastmilk during the period 
1972 to 1997 (Meironyte et al., 1999; Noren and 
Meironyte, 2000) (Figure 13). PBDEs also increased 
exponentially in human serum from Norway during the 
period from 1977 to 1999 (Thomsen et al., 2002).  Two 
recent studies showed that serum concentrations of the 
predominant PBDE congener, PBDE-47, were much 
higher in Indiana (Mazdai et al., 2003) and in California 
(Petreas et al., 2003) than in Sweden (Guvenius et al., 
2003) (Figure 14).  Another preliminary assessment of 
PBDEs in the breast milk of North American women 
indicated that the body burden of PBDEs in Americans 
and Canadians may be the highest in the world, and 
breast milk concentrations in North America appear to be 
increasing at an exponential rate. Average North 
American breast milk concentrations in 2000 were 40 
times greater than the highest concentrations reported for 
women in Sweden (Betts, 2002).  Also, the relative ratio 
of PBDEs to PCBs in humans appears to be different in 
Sweden than in America.  Considering the concentration 
of the predominant PBDE congener (PBDE-47) relative 
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to the predominant PCB congener (PCB-153), recent 
studies have shown a 67-fold PCB 153/PBDE 47 ratio in 
Sweden (Guvenius et al., 2003), but only a 4-fold PCB 
153/PBDE 47 ratio in California (Petreas et al., 2003).  
These results indicate that PBDE contamination in North 
America may be a large, emerging problem that may 
soon overtake PCB contamination as a public health 
concern. This is particularly true because PCBs have 
been banned in the U.S. since 1976, but no restrictions 
are yet in place on PBDE production or use in North 
America. 
 
In a Norway time trend study, PBDE concentrations were 
not related to gender or age in a manner similar to PCBs 
(Thomsen et al., 2002). The current body burden of 
brominated flame retardants (including PBDEs) in 
Norway appeared to be independent of age, except for in 
infants (0-4 years old), who had 1.6-3.5 times higher 
concentrations than other age groups. 
 
At present, we have no data on PBDE concentrations in 
Alaskans.  It is a top environmental public health priority 
to assess PBDE exposure levels and trends in Alaskans. 
 
 

Public Health Evaluation for Alaska 
 

Alaskans have been exposed to POPs at levels similar to 
those found in other arctic countries, and in fish-eating 
populations from the Lower 48.  Several comprehensive 
efforts have been undertaken to evaluate the health risks 
of contaminants in traditional foods in the arctic, 
balancing risks against the nutritional, social, spiritual 
and economic benefits of traditional foods.  The Arctic 
Monitoring and Assessment Programme (AMAP, 2003) 
and Canada’s Northern Contaminants Program (Arnold 
et al., 2003) are large, long-term projects involving many 
scientific experts who have been working for many years 
to investigate arctic contaminants and their human health 
implications. 
 
In general, these projects have concluded that while 
some small risks may exist related to possible adverse 
health effects from POP exposures, these risks are vastly 
outweighed by the many benefits of traditional food 
consumption.  Traditional foods provide inexpensive and 
readily available nutrients, essential fatty acids, 
antioxidants, calories and protein, and many health 
benefits such as protection from diabetes, cardiovascular 
disease, improved maternal nutrition and neonatal and 
infant brain development.  Market replacement foods are 
often nutritionally inferior, are high in saturated fat, 
sugar and salt, and also contain contaminants. 
Unhealthful market replacement foods present their own 
health risks, and may contribute to the rising rates of 
diabetes, heart disease, and other health problems in 
villages that reduce their traditional food consumption.   

The traditional lifestyle and diet are also of great 
importance to the self-definition, self-determination, 
cultural and socio-economic, and overall health and well-
being of indigenous peoples. Recommendations to 
restrict traditional food consumption have caused cultural 
disruptions and have unintended adverse consequences 
in Native communities. 
 
Fortunately, the POP levels documented in Alaska to 
date are not expected to cause adverse health effects.  We 
continue to recommend the unrestricted consumption of 
traditional foods. 
 
Despite a lack of any clear evidence of adverse health 
effects at low POP exposure levels, some individuals 
may choose to limit their exposure to POPs.  Individuals 
may lessen their exposure to POPs while still enjoying a 
traditional diet by choosing smaller, younger animals that 
are lower in the food chain.  Exposure can be further 
reduced by choosing lean tissues rather than fatty tissues 
from marine mammals. 
 
A long-term human biomonitoring program in Alaska is 
critical to assess trends in contaminant exposure and 
nutrient intake, and to continually verify that our 
consumption advice is optimally protective of human 
health. The Section of Epidemiology and the Alaska 
Public Health Laboratory within the Alaska Division of 
Public Health are currently collaborating to establish 
such a biomonitoring program. The Alaska Public Health 
Laboratory is developing the capacity to measure 
persistent organic pollutants, including PCBs, dioxins, 
furans, and PBDEs, in human serum. This analytical 
support will enable the Section of Epidemiology’s 
Environmental Public Health Program to offer blood 
testing to Alaskans who are concerned about potential 
POP exposures.  This will be a valuable extension to the 
Division’s biomonitoring efforts, which include the 
statewide Maternal Hair Mercury Biomonitoring 
Program (Alaska Division of Public Health, 2002).  The 
Maternal Hair Mercury program was reviewed by the 
Alaska Area Institutional Review Board and was 
determined to be standard public health practice, not 
research. 
 

Conclusions and Future Directions 
 
Traditional foods are an important and healthful 
component of the diet of Native Alaskans.  The Division 
of Public Health strongly endorses the consumption of 
subsistence foods. PCB concentrations in Alaskan fish 
are far lower than in most fish from the Lower 48, 
reflecting the relatively remote, nearly industry-free 
environment of many regions of Alaska. Wild Alaska 
salmon are a particularly nutritious food, and have 
undetectable to negligible contaminant concentrations.  
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The benefits of a traditional food diet far outweigh the 
potential relative risks posed by trace quantities of POPs 
in traditional foods.  We encourage the consumption of a 
varied diet consisting of a number of different species 
and tissues. Exposure to POPs can be lessened by 
choosing animals from a lower trophic level (for 
example, baleen whales rather than toothed whales) and 
by avoidance of older male animals. Additional informa-
tion should be obtained regarding the POP content of the 
beluga whale, ringed seal, bearded seal, Pacific walrus, 
northern fur seal and Stellar sea lion, to better assess 
human exposure. 
 
Alaskans who have traditionally consumed marine 
mammals in their diet should continue to enjoy their 
foods.  Marine mammal blubber-containing foods are 
excellent sources of monounsaturated fatty acids, omega-
3 fatty acids, and fat- soluble vitamins.  Risks associated 
with avoidance of marine mammal consumption are 
greater than the small potential risk of subtle health 
effects from POPs in blubber.  For example, avoidance of 
marine mammal blubber and replacement with foods 
high in saturated fat (such as Crisco, fat products from 
cattle and pigs, and dairy products such as butter and 
cheese) would increase the prevalence of heart disease, 
diabetes, and certain cancers in Alaska Natives. 
 
Key knowledge gaps must be the focus of future studies 
of subsistence food safety.  There is a pressing need to 
obtain additional information regarding PCB concentra-
tions in Alaskan subsistence foods and sport fish. The 
State of Alaska needs to conduct comprehensive 
evaluations of subsistence foods. While progress has 
been made on fish sampling and analysis in Alaska, 
comparable surveys are needed for marine mammal 
tissues. 
 
To protect public health, we need information about 
concentrations of POPs in subsistence species, including 
data on the age, sex and tissue type of the animals.  It is 
also necessary to measure how various preparation 
methods influence PCB concentrations in subsistence 
foods as they are actually consumed by people. Village-
specific dietary surveys are also needed to determine the 
identity and quantity of the foods people are eating.  We 
need to refine our chemical analyses and obtain 
congener-specific information, including data on 
coplanar congeners, dioxins, furans, and PBDEs. 
 
Of most importance, Alaska must measure human PCB 
exposure.  Information regarding PCB concentrations in 
Alaskans is limited.  We have no information about PCB 
concentrations in the adipose tissue or breast milk of 
Alaskans. A top priority is to analyze PBDEs in the 
serum of Alaskans and to monitor PBDE exposure trends 
over time. We know that PBDE concentrations are 
increasing rapidly in North American wildlife. Human 

exposure information will provide public health officials 
with the most relevant data possible regarding POP 
exposure through the subsistence food chain. A long-
term human biomonitoring program is needed to 
comprehensively evaluate contaminant exposures and 
their public health implications in Alaska. 
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Table 1. PCB concentrations in Alaskan marine mammals and freshwater fish (summed congeners, 
ng/g wet weight):  Older studies published 1993-1997 

 

Species Location Collection Date Tissue Sex n ΣPCB1 Reference 
Beluga Whale Pt. Lay, Chukchi Sea, AK 1990 Blubber  10  3,808.1 (1,496.4) Schantz et al. 1993 
        
Beluga Whale Pt. Lay, AK July 1992 Blubber F 5  680 (216) Tarpley, 1994 
    M 2 2,986-6,406  
        
Beluga Whale Cook Inlet 1992-95 Blubber  12  977 (484) Becker et al. 1997a 
        
Bowhead Whale Barrow, AK 1992 Blubber  11  689 (226) Becker, 1993a 
        
Gray Whale Kodiak Island,AK May-June 1989 Blubber  2 150-1,200 Varanasi et al. 1994 
 Tugidak Island  Liver   79-880  
        
Ringed Seal Barrow, AK July 1988 Blubber  2 686-686 Schantz et al. 1993 
   Liver   18-28  
   Kidney   10-17  
        
Ringed Seal Nome, AK May 1989 Blubber  2 371-415 Schantz et al. 1993 
   Liver   8-9  
        
Ringed Seal Bering Sea, AK May 1989 & 94 Blubber F 2 330-363 Krahn et al. 1997 
  May 1993-95 Blubber M 6  249 (75)  
        
Northern Fur Seal St. Paul Island, AK July 1987 Blubber  2 275-590 Schantz et al. 1993 
   Liver   18-48  
   Kidney   17-87  
   Muscle   14-30  
        
Northern Fur Seal St. Paul Island, AK July 1990 Blubber M 7  1,343 (522) Krahn et al. 1997 
        
Northern Fur Seal Alaska 1990 Liver  9  150 (69) Varanasi et al. 1993 
   Blubber  9  2,100 (1,080)  
        
Harbor Seal Prince William Sound, AK September 1993 Blubber F 2 225-240 Krahn et al. 1997 
    M 3  599 (143)  
        
Harbor Seal Alaska 1989-1990 Liver  9  21 (6) Varanasi et al. 1993 
   Blubber  7  340 (110)  
        
Bearded Seal Bering Sea, AK May 1993-95 Blubber F 1  199 Krahn et al. 1997 
    M 5  153 (110)  
        
Steller Sea Lion Alaska 1976-1978 Blubber M 12  12,580 Lee, 1996 
    F 17  4,346  
   Liver M 13  513  
    F 15  236  
        
Steller Sea Lion Alaska 1985, 1989, 1990 Liver  8  290 (340) Varanasi et al. 1993 
   Blubber  8  23,000 (37,000)  
        
Lake Trout Schrader Lake, AK (inland) August 1992 Muscle  11  6.6 Wilson et al. 1995 
   Liver  5  22.8  
        
Grayling Schrader Lake, AK (inland) August 1992 Muscle  5  1.3 Wilson et al. 1995 
   Liver  5  3.2  

1 = Mean value with standard deviation in parenthesis when n > 2 (when available) 
 Both actual values listed when n = 2 
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Table 2. PCB concentrations in Canadian marine mammals and fish (summed congeners,  
 ng/g wet weight): Older studies published 1988-1996 
 

Species Region 
Collection 

Date Tissue1 Sex N PCBs* Reference 
Ringed seal W Hudson Bay 1992 B F 24  1115 (425) Muir, 1994a 
Ringed seal W Hudson Bay 1992 B M 35  1852 (1359) Muir, 1994a 
Ringed seal E Baffin Is 1994 B F 10  467 (195) Muir, 1994a 
Ringed seal E Baffin Is 1994 B M 10  675 (597) Muir, 1994a 
Ringed seal E Hudson Bay 1989-92 B F 6  1457 (1648) Muir, 1994a 
Ringed seal E Hudson Bay 1989-92 B M 4  1234 (636) Muir, 1994a 
Ringed seal Lancaster S 1993 B F 10  535 (154) Muir, 1996a 
Ringed seal Lancaster S 1993 B M 10  655 (184) Muir, 1996a 
Ringed seal Admirality Inlet 1983 B M 10  794 (879) Muir et al, 1988 
Ringed seal Admirality Inlet 1983 B F 16  308 (138) Muir et al, 1988 
Ringed seal Admirality Inlet 1975-76 B F 5  600 (99) Muir et al, 1988 
Ringed seal Barrow Strait 1984 B M 19  568 (287) Muir et al, 1988 
Ringed seal Barrow Strait 1984 B F 14  375 (172) Muir et al, 1988 
Ringed seal Barrow Strait 1984 L M 19  6 (4) Muir et al, 1988 
Ringed seal Barrow Strait 1984 L F 14  4 (3) Muir et al, 1988 
Ringed seal Arviat 1991 B M 13  1760 (1200) Muir, 1993a 
Ringed seal Arviat 1991 B F 9  846 (310) Muir, 1993a 
Walrus E Hudson Bay ? B F 3  5604 (1941) Muir, 1994a 
Walrus E Hudson Bay ? B M 2  10403 (13916) Muir, 1994a 
Beluga Western Greenland ? K M 10  169 (60) Muir, 1993a 
Beluga Western Greenland ? K F 10  75 (38) Muir, 1993a 
Beluga Western Greenland ? T M 10  323 (265) Muir, 1993a 
Beluga Western Greenland ? T F 10  411 (178) Muir, 1993a 
Beluga2 MacKenzie Delta ? B F 5  5299 (1460) Muir, 1996a 
Beluga2 MacKenzie Delta ? B M 20  4882 (1878) Muir, 1996a 
Beluga2 MacKenzie Delta ? T F 5  218 (60) Muir, 1996a 
Beluga2 MacKenzie Dalta ? T M 6  317 (96) Muir, 1996a 
Beluga E Hudson Bay 1984-85 B M 8  2770 (510) Muir et al, 1990 
Beluga E Hudson Bay 1984-85 B F 8  1230 (840) Muir et al, 1990 
Beluga W Hudson Bay 1986 B M 4  3120 (340) Muir et al, 1990 
Beluga W Hudson Bay 1986 B F 4  960 (1000) Muir et al, 1990 
Beluga Cumberland Sound 1983 B M 6  4910 (250) Muir et al, 1990 
Beluga Cumberland Sound 1983 B F 6  1150 (410) Muir et al, 1990 
Beluga2 Beaufort Sea 1983, 1987 B M 10  3330 (850) Muir et al, 1990 
Beluga2 Beaufort Sea 1983, 1987 B F 2 830 - 1640 Muir et al, 1990 
Beluga Jones Sound 1984 B M 8  2530 (570) Muir et al, 1990 
Beluga Jones Sound 1984 B F 7  2460 (1980) Muir et al, 1990 
Beluga St Lawrence Estuary 1986-87 B M 4  75800 (15300) Muir et al, 1990 
Beluga St Lawrence Estuary 1986-87 B F 5  37300 (22000) Muir et al, 1990 
Arctic char Cornwallis Island 1991 M  12  72.5 (40.4) Muir & Lockhart, 1993b 
Arctic char Alex Heiberg 1992 M  10  6.8 (2.7) Muir & Lockhart, 1993b 
Arctic char Resolute 1993 M  5  290 (118) Muir & Lockhart, 1993b 
Arctic char W Hudson Bay 1994 M  6  11.4 (3.5) Muir & Lockhart, 1996b 
Burbot Yellowknife 1993 L  5  26.9 (18.0) Muir & Lockhart, 1994b 
Burbot Mackenzie River 1994 L  11  56.6 (18.1) Muir & Lockhart, 1996b 
Lake trout Banks Island 1993 M  5  31.9 (15.5) Muir & Lockhart, 1996b 
Lake trout Rankin Inlet 1993-94 M  12  19.0 (14.1) Muir & Lockhart, 1996b 
Lake trout Banks Island 1993 M  6  33.5 (9.9) Muir & Lockhart, 1996b 
Lake trout Mackenzie Delta 1993 M  6  8.8 (3.7) Muir & Lockhart, 1994b 
Walleye Hay River 199? M  3  1.4 (0.3) Muir & Lockhart, 1996b 

 
*Summed congeners mean value with standard deviation in parenthesis; both actual values listed when n = 2 
1:  B = Blubber, L = Liver, M = Muscle + Skin, K = Kidney, T = Muktuk 
2:  Shared population with Alaska 
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Table 3.  PCB concentrations in Alaskan marine mammal subsistence species, fish, and bird eggs (summed congeners, ng/g wet weight): Recent data published 1999-2004 
 

Species       Location Collection Date Tissue Sex n PCBs1 Reference
Beluga Whale Cook Inlet 1992-1996 Blubber M 10  1,490 (700) Krahn et al. 1999 
 Cook Inlet  

     

1994-1997 Blubber F 10  790 (560)  
 Point Hope 1989 Blubber F 2  1,880 - 2,560  

Point Lay 1990-1996 Blubber M 11  5,200 (900)
  Point Lay 1990-1996 Blubber F 8  1,500 (1,120)   
Beluga Whale Point Lay 1999-2000 Blubber   20  2,809 (263) Hoekstra et al. 20033 
Bowhead Whale Barrow 1992-1993 Blubber M 14  327 (202) O'Hara et al. 1999 
   
     

Blubber F 12  377 (208)  
Liver M 8  39.5 (42.1)

     Liver F 3  20.8 (8.8)   
Bowhead Whale Barrow 1999-2000 Blubber   25  379 (32) Hoekstra et al. 20033 
Bowhead Whale Barrow 1997-2000 Blubber  71  410 (29)2 Hoekstra et al. 2002 
     Liver   23  9.1 (0.9)2   
Pacific Walrus Bering Sea 1991 Blubber M 6  480 (440) Seagars et al. 2001 
     Blubber F 14  150 (160)   
Pacific Walrus Bering Sea 1993-1996 Blubber   10  60.4 (27.0) Struntz et al. 2000 
Ringed Seal Barrow 1996 Blubber M 5  901 (244) Kucklick et al. 2002 
     Blubber F 3  519 (21)   
Ringed Seal Barrow 1999-2000 Blubber   20  588 (99) Hoekstra et al. 20033 
Bearded Seal Barrow 1999-2000 Blubber   7  303 (25) Hoekstra et al. 20033 
Chum Salmon Alaska, marine or river mouths Summer 2002 Muscle  18  2.52 (1.20) Alaska DEC 20046 
Chinook Salmon  Summer 2002 Muscle  17  8.17 (4.58)  
Sockeye Salmon 

 
 Summer 2002 Muscle  24  10.0 (4.26)  

Halibut      
       

   

Summer 2002 Muscle 11  1.15 (0.94) 
Sablefish Summer 2002 Muscle 11  4.79 (3.87) 
Sheefish  Winter 2001 Muscle   8  2.47 (1.17) 

 
  

Chinook Salmon Yukon, Kuskokwim Rivers 2001 Muscle  48  12 (.987)4 USFWS 2003
Chum Salmon Yukon River 2001 Muscle  40  3.3 (.229)4  
Chum Salmon Kuskokwim River 2001 Muscle   19 see footnote 5   
Pink Salmon Elson Lagoon, Barrow AK 1999-2000 Whole fish  7  2.6 (1.3) Hoekstra et al. 20033 
Arctic Char     5  2.3 (0.4)  
Arctic Cod     12  2.5 (0.4)  
Fourhorn Sculpin       7  3.5 (0.7)   
Common Murre St. Lazaria Isl. (Gulf of AK) 1999 Egg  10  241 (99) Vander Pol et al. 2004 
Common Murre E. Amatuli Isl. (Gulf of AK) 1999 Egg  11  99.1 (31)  
Common Murre St. George Isl. (Bering Sea) 1999 Egg  11  86.4 (45)  
Murre spp. Little Diomede I. (Bering Sea) 1999 Egg  9 

   
 

 92.8 (25)  
Common Murre Bogoslof I. (Aleutian Islands) 2000 Egg  9  76.2 (25)  
Thick-billed Murre Bogoslof I. (Aleutian Islands) 2000 Egg 10  90.6 (29) 
Thick-billed Murre St. George Isl. (Bering Sea) 2000 Egg   7  88.8 (22)   
1=Mean value with standard deviation in parenthesis unless otherwise indicated (both actual values listed when n = 2) 
2=geometric mean with standard error in parenthesis 
3=Mean with standard error in parenthesis; converted from reported lipid concentration to wet weight using mean lipid % value 
4=Mean with standard error in parenthesis; USFWS unpublished data 
5=PCBs only detected in 3 of 19 fish; range in detected fish was 2.9 to 8.0 ng/g wet weight 
6=Alaska Dept. of Environmental Conservation, http://www.state.ak.us/dec/eh/docs/vet/FMP%20Organic%20data%20release3.pdf 
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Table 4.  PCB concentrations in Alaskan wildlife species or tissues not typically used for subsistence (summed congeners unless otherwise noted, ng/g wet weight) 
 

Species         Location Collection Date Tissue Sex n PCBsa Reference
Polar Bear Barrow 1996 Subcutaneous fat M 5  3,592 (1,442) Kucklick et al. 2002 
Polar Bear Alaska 1997-1999 Liver M 5  2,110 (1,870) Corsolini et al. 2000 
Killer Whale Prince William Sound 1994-1999 Blubber residentb 64  3,900 (4,500) Ylitalo et al. 2001 
        transientb  13  59,000 (43,000)   
Gray Whale Russia - Bering Sea 1994 Blubber F-juvenile 13  680 (98)d Krahn et al. 2001 
        M-juvenile 4  480 (130)d   
Sea Otter Southeast Alaska 1991 Liver M 7  8 (14) Bacon et al. 1999 
  Aleutian Islands 1991-1992   mixed 7  310 (480)   
Northern Fur Seal St. George Island 1996 Milk F 22  433 (198) Beckman et al. 1999 
      5 Dam blood F 19  14. (2.6)  
      Pup blood mixed 48  20.6 (6.9)   
Bald Eagle Adak Island 1993-1994 Egg  10  2,100c Anthony et al. 1999 
       
      

Tanaga Island 5 700c  
Amchitka Island 4  1,700c  

  Kiska Island       6  2,000c  

a=mean value with standard deviation in parenthesis unless otherwise indicated 
b=whales divided into two distinct eco-types named 'resident' and 'transient'; they have different morphology, diet and habitat use 
c=geometric mean concentration of Aroclor 1260 
d=mean value with standard error in parenthesis 

 
Table 5. Selected epidemiological studies of immunotoxicity in humans exposed to PCBs and/or dioxins 
 

Nature of Exposure 
n (exposed 

group) 
Exposure 

Measured? 

Time Between 
Exposure & 

Study        DTH1 CD4/CD8 IgA IgM
Lymphocyte 
Proliferation MLR2 Reference

Yu-Cheng incident, Taiwan. Consumption 
of rice oil contaminated with PCBs and 
furans 

varied; 
30-143 

unclear 1 and 3 yr * 
↓ 

* 
↓ 

* 
↓ 

* 
↓ 

* 
↑ 

 Lu et al, 1985 

Lactational; fish-eating population, Japan 37 yes - TEQ in breast 
milk 120 pg/kg 

median daily intake 

none        *
↑ 

Nagayama
et al, 1996 

Industrial workers (TCDD) 11 workers only, not 
controls. 

43-874 ppt 
TCDD/blood fat 

20 years  nd   nd * 
↓ 

Knutsen, 1984 

Chemical plant explosion (TCDD) Seveso, 
Italy 

45 (children) no, but high (21 with 
chloracne) 

2 mo, repeat every 
4 mo 

  nd nd nd nd Pocchiari et al, 
1979 

Missouri - TCDD in soil 68 no unclear; none?   
↓ 

     nd Stehr, 1986

Industrial workers - polybrominated 
dioxins and furans 

42 workers only, not 
controls blood TEQ 

median 83 ppt 

several months  nd nd * 
↑ 

    Zober, 1992

Times Beach Missouri TCDD in soil 50 no unclear (in 
sub- ↓ set) 

nd      (in subset)
↓ 

Knutsen, 1984

 

* = statistically significant, p < .05 
nd = no difference 
ppt = parts per trillion 
1:  delayed-type hypersensitivity 
2:  mixed lymphocyte response 
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Table 6a.   Daily intake guidelines for polychlorinated biphenyls (PCBs) 

Agency Level (µg/kg-bw/day) Guideline description 
U.S. ATSDR 0.03 Minimal Risk Level - intermediate duration oral 
U.S. ATSDR 0.02 Minimal Risk Level - chronic duration oral 
U.S. EPA 0.02 Oral Reference Dose for Aroclor 1254 
Health Canada 1 Tolerable Daily Intake 
 

   

Table 6b.  Daily intake guidelines for Dioxin Equivalents 

Agency Level (pg/kg-bw/day) Guideline description 
U.S. ATSDR 1 Minimal Risk Level - chronic 
Health Canada 10 Tolerable Daily Intake 
European Commission 2 Temporary Tolerable Daily Intake 
Japan 4 Tolerable Daily Intake 
Nordic Countries 5 Tolerable Daily Intake 
UN/WHO JECFA 2.3 Average Tolerable Daily Intake 
Health Council-Netherlands 1 Health-based Exposure Limit 
 

   

Table 6c.  Daily intake guidelines for Polybrominated Diphenyl Ethers (PBDEs) 

Agency Level (µg/kg-bw/day) Guideline description 
U.S. ATSDR 7 Minimal Risk Level - intermediate-duration oral 
U S. EPA 10 Oral Reference Dose for decabromodiphenyl ether 
U S. EPA 3 Oral Reference Dose for octabromodiphenyl ether 
U S. EPA 2 Oral Reference Dose for pentabromodiphenyl ether 

 
 
 
 

Table 7.  Guidelines for Fish Advisories Based on PCB Levels in Fish (ppm) 

Consumption Category U.S. EPA1 Great Lakes Task Force2 Province of Ontario2 

Unrestricted Consumption 0 - 0.0059 0 - 0.05 0 - 0.5 
One Meal/Week 0.023-0.047 0.06 - 0.2 0.5 - 1.0 
Two Meals/Month 0.063-0.094 NA 1.0 - 2.0 
One Meal/Month  0.094-0.19 0.21 - 1.0 NA 
One Meal/month for less sensitive only NA NA 2.0 - 4.0 
One Meal/Two Months NA 1.1 - 1.9 NA 
No Consumption/Sensitive persons  NA NA >2.0 
No consumption for anyone >0.38 >1.9 >4.0 
1: Monthly Consumption Limits for Chronic Systemic Health Endpoints, based on 8 Oz meal size 
 All values for adults. Source:  U.S. EPA 2000b 
2: Kamrin and Fischer, 1999 
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Table 8. U.S. FDA regulations for Maximum Allowable PCB Levels in 
Edible portions of Food in Commerce 

Food Item Level 
Infant and Junior Foods 

Eggs 
Milk, other Dairy 
Fish and Shellfish 

Poultry and Red Meat 

0.2 ppm 
0.3 ppm 

1.5 ppm lipid 
2.0 ppm 

3.0 ppm lipid 

 
 
 
 
Table 9. PCB concentrations in freshwater fish from the Great Lakes  (mean, ng/g wet weight) 

 

Species Location 
Collection 

Date Tissue n PCB Reference 
Walleye Saginaw Bay 1990 Whole fish 13 23001 Giesy, 

1997 
Chinook Salmon Au Sable River, Mich3 1990 Whole fish 1 composite 

of 5 fish 
17002 Giesy, 

1994 
Pike Au Sable River, Mich3 1990 Whole fish 1 composite 

of 5 fish 
7202 Giesy, 

1994 
Walleye Au Sable River, Mich3 1990 Whole fish 1 composite 

of 5 fish 
22002 Giesy, 

1994 
Steelhead Manistee River, Mich3 1990 Whole fish 1 composite 

of 5 fish 
39002 Giesy, 

1994 
Perch Muskegan River, Mich3 1990 Whole fish 1 composite 

of 5 fish 
7702 Giesy, 

1994 
Chinook Salmon Lake Michigan 

(by Ludington MI) 
1988 fillet 

(no skin) 
81 9402 Williams, 

1992 
Walleye Apostle Islands Region, 

Lake Superior 
1991-1992 Fillet (no 

skin) 
1 composite 1931 Gerstenber

ger, 1997 
Siscowet Lake 
Trout 

Apostle Islands Region, 
Lake Superior 

1991-1992 Fillet with 
skin 

1 composite 3701 Gerstenber
ger, 1997 

Carp Lake Michigan tributary 
near Oshkosh,WI 

1991-1992 Fillet (no 
skin) 

1 composite 14041 Gerstenber
ger, 1997 

Whitefish Apostle Islands Region, 
Lake Superior 

1991-1992 Fillet with 
skin, 

scaled 

1 composite 1541 Gerstenber
ger, 1997 

Whitefish liver Apostle Islands Region, 
Lake Superior 

1991-1992 Liver 1 composite 2241 Gerstenber
ger, 1997 

Lake Trout Lake Superior 1996 Whole fish 2 250-
430 

Kannan, 
2000 

Lake Trout Siskiwit Lake, Isle 
Royale 

1996 Fillet (no 
skin) 

3 40-87 Kannan, 
2000 

 
1 = Summed congeners 
2 = Totals based on Arochlor pattern matching 
3 = Great Lakes - influenced zone of river 
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Table 10. Individual PCB Congener Levels (ppb Lipid-Adj) in 166 Aleutian/Pribilof Residents in 
Comparison to U.S. National Averages for Adults, from NHANES 2003 

Congener 10th 25th 50th 75th 90th 95th 
A/P1, PCB 74 <LOD2 <LOD 27.3 57.7 89.9 124.95 
NHANES3, PCB 74 <LOD <LOD <LOD 13.4 23.3 30.4 
A/P, PCB 99 <LOD 6.7 29.5 74.4 122.7 176.6 
NHANES, PCB 99 <LOD <LOD <LOD <LOD 13.9 19.9 
A/P, PCB 118 <LOD 2.1 36.8 90.6 160.5 246.5 
NHANES, PCB 118 <LOD <LOD <LOD 16.3 28.7 43.8 
A/P, PCB 153 <LOD 72.275 185 392.75 614.5 949 
NHANES, PCB 153 <LOD <LOD <LOD <LOD 83.2 120 
A/P, PCB 156 <LOD 3.75 9.8 16.275 22.1 33.525 
NHANES, PCB 156 <LOD <LOD <LOD <LOD 13.8 17.4 
A/P, PCB 170 <LOD 14.5 32.95 59.875 93.6 119.25 
NHANES, PCB 170 <LOD <LOD <LOD <LOD 25.1 32.6 
A/P, PCB 180 <LOD 51.825 101 192.75 313 387.75 
NHANES, PCB 180 <LOD <LOD <LOD 42.7 66.6 83.5 
A/P, PCB 187 <LOD 8.6 22.15 38.575 63.8 104 
NHANES, PCB 187 <LOD <LOD <LOD <LOD 19.2 25.2 

1 = Middaugh et al, 2001 – “Assessment of Exposure to Persistent Organic Pollutants (POPs) in 5 Aleutian and Pribilof Villages” 
2 = Below Limit of Detection 
3 = CDC 2003 – Second National Report on Human Exposure to Environmental Chemicals, NHANES 
 

 
 

Table 11. Individual Detected Polychlorinated Dioxin, Furan, and Coplanar PCB Congener Levels 
(ppt Lipid-Adj) in Aleutian Island Residents (n=37-52) in Comparison to U.S. National 
Averages for Adults, from NHANES 2003 

Congener 10th 25th 50th 75th 90th 95th 
A/P1 1,2,3,4,6,7,8-HeptaCD-dioxin < LOD2 29.75 56.5 84.5 116 203 
NHANES3 1,2,3,4,6,7,8-HeptaCD-dioxin <LOD <LOD <LOD 63.6 93 123 
A/P OctaCD-dioxin 235.3 310.25 372 548 615.9 649.6 
NHANES OctaCD-dioxin <LOD <LOD <LOD 452 727 952 
A/P 2,3,4,7,8-PentaCD-furan <LOD <LOD 7.6 11 14 16 
NHANES 2,3,4,7,8-PentaCD-furan <LOD <LOD <LOD <LOD 13 16.3 
A/P PCB 126 18.4 35 52 86.5 129.5 235.3 
NHANES PCB 126 <LOD <LOD <LOD 31.8 58.7 91.4 
A/P PCB 169 17.1 22 38 60 73.9 80.5 
A/P PCB 169 <LOD <LOD <LOD <LOD 37.3 48.3 

1 = Middaugh et al, 2001 – “Assessment of Exposure to Persistent Organic Pollutants (POPs) in 5 Aleutian and Pribilof Villages” 
2 = Below Limit of Detection 
3 = CDC 2003 – Second National Report on Human Exposure to Environmental Chemicals, NHANES 
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Table 12. Mean Levels of Individual PCB, Dioxin and Furan Congeners in Serum from Aleutian/Pribilof 
Residents in Comparison to Great Lakes Residents 

A.  PCB Congeners in Serum, ppb wet weight 

 

Aleutian/Pribilof1 
Great Lakes 
Fisheaters2 

Elder Great 
Lakes 

Fisheaters3 

Elder Great 
Lakes 

Non-fisheaters
3 

Comparison 
Group2 

PCB 74 0.33 0.3 0.64 0.22 0.009 
PCB 99 0.42 0.4 0.54 0.16 <LOD 
PCB 118 0.52 0.4 0.83 0.16 0.03 
PCB 153 2.29 1.1 2.13 0.75 0.4 
PCB 180 1.12 0.4 2.00 0.79 0.4 
PCB 187 0.24 0.3 0.58 0.19 0.04 

1 = Middaugh et al, 2001; 5 Aleutian and Pribilof Villages, n = 166 
2 = Anderson 1998; GL fisheater n = 30; Unexposed comparison group n = 41 
3 = Humphrey 2000; All participants >50 yrs old, GL fisheaters n = 101; GL non-fisheaters n = 78 
 
 

B.  Polychlorinated Dioxins, Furans and Coplanar PCBs in Serum, ppt Lipid-Adjusted 

  Aleutian/Pribilof4 Great Lakes Fisheaters5 Comparison Group5 
1,2,3,4,6,7,8-Heptachlorodibenzo-p-dioxin 64.3 134 124 
Octachlorodibenzo-p-dioxin 412 777 971 
2,3,4,7,8-Pentachlorodibenzofuran 6.41 17.7 5.5 
PCB 126 73.2 148 18.4 
PCB 169 41.1 80.8 17.9 

4 = Middaugh et al, 2001; 3 Aleutian Villages, n = 37-52 
5 = Anderson 1998; GL fisheater n = 31; Unexposed comparison group n = 70 
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Figure 1. Structure, nomenclature and numbering for polyhalogenated biphenyls (a & b), dioxins (c) 
furans (d) and diphenyl ethers (e). 
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[a] USFWS, unpublished data 

Figure 2.  PCB levels in fish from Alaska compared to Great Lakes, other countries
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Figure 3.  Dioxin TEQs in Biota from Dutch Harbor area vs. U.S. Supermarket/Fast Food
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[1] Alaska Section of Epidemiology, 2001: TEQs calculated using WHO 1998 Toxic Equivalency 
Factors (TEFs) from van den Berg et al., 1998 

[2] Schecter et al., 1997: TEQs calculated using 1988 International TEFs 
[3] Schecter and Li, 1997: TEQs calculated using 1988 International TEFs 
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From Norstrom et al., 2002 

Figure 4. Time Trends of Polybrominated Diphenyl Ether (PBDE) Levels in Great Lakes Herring 
Gull Egg Pools
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[1] Wilson et al., 1995 
[2] USFWS, unpublished data 

Figure 5.  Maximum allowable daily consumption* of fish flesh based on PCB content (chronic 
systemic health endpoint, USEPA)
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 Figure 6. Maximum allowable monthly consumption limit for Alaskan marine mammal blubber*, 

based on total PCB content in animals sampled during the 1990s (chronic system health 
endpoint, for a 70-kg adult)
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*These calculations over-estimate consumption risk, because marine mammal blubber is often not eaten in 
isolation or without extensive processing.  Blubber is often eaten as “maktak”, a combination of blubber 
and epidermis that has lower concentrations of lipophilic contaminants. 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

Alaska Division of Public Health, 2001 

Figure 7:  Serum PCB Levels in Women of Childbearing Age from 5 Aleutian/Pribilof Island 
Villages in Comparison to maternal plasma from other Arctic Countries (AMAP)
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Alaska Division of Public Health, 2001 

Figure 8. Median PCB levels in 5 Aleutian/Pribilof Villages
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Alaska Division of Public Health, 2001 

Figure 9. Lipid-adj. Total PCB serum levels and Age, for Women of Childbearing Age and All Other 
Participants, in 5 Aleutian/Pribilof Island Villages, 1999 
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Figure 10.  Direct comparison of TCDD-equivalents in breast milk fat of women from the 
Netherlands and Arctic Quebec, as calculated with identical congeners and TEF values.
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Congener-specific data for the Netherlands is from Koopman-Esseboom et al., 1994a; and data for 
arctic Quebec is from Dewailly et al., 1992.  All dioxin Toxic Equivalents (TEQs) were re-calculated for 
this figure using the most recent WHO Toxic Equivalency Factors (TEFs) from van den Berg et al., 
1998. 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

Data from Noren and Meironyte, 2000 

Figure 11. Time Trend of Total PCB Levels in Pooled Swedish Breastmilk Samples 
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Figure 12. Time Trends of PCBs in Cord Blood, Canadian Lower North Shore of St. Lawrence River (Quebec) 
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Data from Noren and Meironyte, 2000 

Figure 13.  Time Trend of Total Polybrominated Diphenyl Ether Levels in Pooled Swedish 
Breastmilk Samples 
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Figure 14. Median PBDE-47 Level in Serum from Women of Childbearing Age, USA and Sweden
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UNITS OF MEASURE 

Milligram 10-3 one thousandth 0.001 

Microgram 10-6 one millionth 0.000001 

Nanogram 10-9 one billionth 0.000000001 

Picogram 10-12 one trillionth 0.000000000001 

 
parts per million = ppm = µg/g = mg/kg = ng/mg 

 

parts per billion = ppb = µg/kg = ng/g = µg/L 
 

parts per trillion = ppt = pg/g = ng/kg 
 
 

0.01 mg/L = 10 µg/L 
 

1 µmol mercury = 200 µg mercury = 1 µmol methylmercury 
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